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his dissertation theorises, investigates and concludes upon key issues in carbon 
dynamics research, addressing them in the context of carbon offsetting policy and 
environmental management. We focus on the carbon capture and greenhouse gas 
emissions of aquatic ecosystems that represent highly influential areas in global carbon 
dynamics. First, we assembled and processed Australia’s largest tidal marsh sedimentary 
carbon dataset, leading to the first estimates of the national monetary worth of these systems 
in the context of carbon offsets. During this process we recognise several of the major 
environmental predictors of tidal marsh carbon stocks, helping to facilitate more efficient 
targeting of tidal marsh carbon based management projects. Second, we present the first 
estimates of seagrass associated atmospheric carbon dioxide (CO2) and methane (CH4) 
emissions in Australia, and some of the first for nitrous oxide (N2O) in the world, 
concluding that these seagrasses represent areas of net atmospheric greenhouse gas uptake 
thereby supporting their role in future carbon offset frameworks. Third, we provide a 
global-first dataset of the atmospheric CO2 and CH4 emissions of small (< 0.01 km2) 
freshwater agricultural dams. We show that on both a per unit area and a state-wide basis, 
agricultural dams contribute more CO2-equivalent emissions than large reservoirs, 
previously thought of as the strongest freshwater greenhouse gas emitters. We subsequently 
constrain both day-night and seasonal variations in agricultural dam emission, while also 
quantifying their atmospheric N2O emissions for the first time. The original findings, 
syntheses, and discussions of these works contributes towards our ability to mitigate 
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Earth’s climate is one of the single most essential aspects of life as we know it. However, 
rapid changes in climate have historically been linked to immense changes in both 
biological and geomorphic processes. With the 18th century advent of modern 
industrialisation, atmospheric carbon dioxide (CO2) concentrations have increased to levels 
higher than at any other time during human history (411 ppm at the time of this thesis), 
contributing to a predicted 1.5 °C increase in Earth’s average temperature before 2052 
(Intergovernmental Panel on Climate Change, 2018). Current climate change trajectories 
are set to negatively affect food production, water supply, sea level rise, species extinction, 
ecosystem collapse, human health, human conflict, and gross global economic output. As 
such, quantifying and compartmentalising both anthropogenic and natural global carbon 
dynamics, including carbon sinks, sources, and processes, has become an imperative of 













1.1.1  Aquatic vegetated ecosystems 
 
In order to combat current global warming trajectories it is imperative that atmospheric 
carbon emissions are not only curtailed, but that efficient methods of atmospheric carbon 
uptake and storage are also achieved (Solomon et al., 2007). While technological 
approaches to carbon uptake are currently being pursued, the natural photosynthetic 
assimilation of carbon dioxide (CO2) and burial of resulting carbon-rich material, termed 
‘biosequestration’, is a proven process that can be incorporated into current emission offset 
strategies. Coastal vegetated ecosystems, or ‘blue carbon ecosystems’, such as tidal 
marshes, seagrasses and mangroves, maintain some of the highest rates of biosequestration 
on earth, and although they represent only 0.2 % of the ocean’s area they are estimated to 
account for up to 50 % of all oceanic carbon burial (Duarte et al., 2013).  
 
The ability of blue carbon ecosystems to sequester and store large amounts of carbon 
(termed ‘carbon stock’) is due to a range of unique functions that include;  
 
(1) Sequestration of both autochthonous and allochthonous organic material. Through 
photosynthetic consumption of atmospheric CO2 coastal vegetated ecosystems are 
able to produce and store organic material in biomass both above-ground (e.g. 
branches, stems and leaves), and below-ground (e.g. roots and rhizomes), where 
vertical deposition into deeper sediments is enhanced.  In addition, complex above-
ground structures trap externally produced organic materials delivered through 
tidal transport and fluvial inputs (Agawin and Duarte, 2002; Deegan et al., 2012; 
Duarte et al., 2005; Kennedy et al., 2010; Lavery et al., 2013).  
 




(2) Lack of sedimentary carbon storage limit. Unlike terrestrial vegetated ecosystems 
that are subject to soil carbon over-saturation, at which point additional carbon-
rich material such a plant detritus is broken down by microbes and respired as 
greenhouse gases, vertical accretion of sediments as a result of tidal inundation 
results in the removal the carbon saturation limit in coastal ecosystems (Brevik and 
Homburg, 2004; Mateo et al., 1997). Recent work by Rogers et al. (2019) 
highlighted the importance of vertical accretion by demonstrating that tidal 
marshes that experienced rapid sea-level rise since the Holocene have an estimated 
1.7 to 3.7 times greater sedimentary carbon stocks than marshes that experienced 
relative sea-level stability. 
 
(3) Sediments with millennial time-scale carbon storage capacities. Low oxygen 
conditions in the partially or entirely submerged sediments of coastal vegetated 
ecosystems, limits the metabolic capacity of aerobic bacteria thereby reducing the 
concentration of organic material that is broken down and respired back to the 
atmosphere as CO2 (Breithaupt et al., 2012; Calvert and Pedersen, 1992; Lo Iacono 
et al., 2008; Macreadie et al., 2013). In addition, the high sulphate concentrations 
present in seawater act to heavily reduce the rates of low-oxygen methanogenic 
processes, limiting methane (CH4) emissions from coastal vegetated ecosystems 
(Lawrence et al., 2012). 
 
However, blue carbon ecosystems currently lose between ~ 0.7 – 7 % of their global 
area annually due to human activities (Alongi, 2002; Bridgham et al., 2006; Costanza et 
al., 1997; Duarte et al., 2005; Mcleod et al., 2011; Valiela et al., 2001; Waycott et al., 2009). 





since rapid urban and agricultural expansion initiated by European settlement (Coleman, 
1998; Neldner et al., 2005, 2014; Saintilan and Williams, 2010; Sinclair and Boon, 2012a). 
In order to effectively manage these ecosystems over the near future, it has become 
increasingly important to provide accurate quantification of their current carbon sink 
capacity, both compartmentalised into regions, and inclusive of natural variation. 
1.1.2   Natural drivers of coastal carbon 
 
Both the rate of carbon sequestration and carbon stock concentration within coastal 
vegetated ecosystems are subject to natural variation in environmental conditions. For 
instance, sediment carbon sequestration within mangrove and tidal marsh ecosystems have 
been shown to share a negative relationship with elevation due to restricted tidal inundation 
and sediment deposition (Alongi, 2011; Connor et al., 2001). While over-deposition of 
sediments, such as through rapid sea level rise, has the potential to induce vegetation die 
off and subsequent carbon release (Hopkinson et al., 2012; Kirwan and Mudd, 2012).  
 
In addition, sediment transport mode can significantly alter the materials deposited 
to coastal vegetated ecosystems and thereby their associated carbon stocks, such as, through 
estuarine flow of organic rich terrestrial material, or wave-action delivery of predominantly 
carbonate materials (Chmura and Hung, 2004; Kelleway et al., 2016a; Saintilan et al., 
2013). Furthermore, unique plant structures and biological processes (e.g. biomass per unit 
area, root exudates, and proportion of recalcitrant tissue) can significantly influence 
species-specific sedimentary carbon (Lo Iacono et al., 2008; Trevathan-Tackett et al., 
2015). An example of this can be seen in Lavery et al. (2013) where 17 seagrass habitats 
across Australia were assessed for their sedimentary carbon qualities, demonstrating an 18-




fold separation in stock concentrations between two widely found temperate seagrass 
species Posidonia sinuosa and Posidonia australis.  
 
If coastal vegetated ecosystems are to be used efficiently to contribute to climate 
change mitigation, it is important that the quantification of their current carbon stocks, and 
sequestration rates, take into account natural variation due to environmental conditions. In 
this way, accurate predictions of potential carbon gains attributed to changes in 
management methodology can be achieved, assisting the establishment of well-defined 
methodological guidelines for large-scale carbon offset investment.  
1.1.3 Carbon offset policy and framework. 
 
Monetary valuation of coastal vegetated ecosystems is critically important for their 
inclusion into economically-founded offset schemes, and therefore the state of their 
protection and management. The goods and services provided directly and indirectly by 
coastal systems, such as, the mitigation of coastal erosion (Gedan et al., 2011), facilitation 
of biodiversity (Gibbs, 2000), filtration of nutrient run-off (Bolund and Hunhammar, 1999; 
Brauman et al., 2007) and as nursery grounds for commercial and recreational fish stocks 
(Heck et al., 2003; Minello et al., 2003), is estimated at roughly 30% of all ecosystem 
services globally, or US$10.6 trillion yr-1 (Costanza et al., 1997). However, unlike carbon 
offsetting, the ‘worth’ of these services is rarely translated to monetary recompense due to 
a lack of existing framework, and instead more accurately represents their potential value 
(Costanza et al., 1997). Carbon offset frameworks, on the other hand, have already been 
implemented globally through both governmental policy, and voluntary offset schemes that 
appeal largely to corporate and philanthropic entities in the absence of legislation (Thomas, 
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Expanding carbon offset schemes to include blue carbon ecosystems has been the 
focus of many scientific organisations internationally, including the International Union for 
the Conservation of Nature (Laffoley and Grimsditch, 2009), the United Nations 
Intergovernmental Panel on Climate Change (Hiraishi et al., 2014; Nellemann and 
Corcoran, 2009), and the World Bank (Crooks et al., 2011). In Australia, previous carbon 
offset policy and legislation has focused on biosequestration within terrestrial ecosystems 
(i.e. The Carbon Farming Initiative) (Department of the Environment, 2014). However 
recent efforts have been made to assess the viability of aquatic vegetated ecosystem 
inclusion into Australia’s national voluntary carbon offset scheme, the Emission Reduction 
Fund, creating the potential for greater economic return on environmental investments 
(Kelleway et al., 2017). 
 
A key aspect of carbon offset methodology is that of ‘net carbon gain’, where the 
quantity of sequestered carbon is quantified in conjunction with the quantity of emitted 
greenhouse gases within the same area. As such, quantification of greenhouse gas 
emissions is vital for the implementation of carbon offset projects, and understanding their 
drivers will allow for targeted climate mitigation management practices.  
1.1.4 Greenhouse gas emissions 
 
Microbial breakdown of organic material and the subsequent release of greenhouse gases 
through respiration (i.e. decay), is one of the most fundamental processes of the biotic 
world. The type of gas released during this process is highly dependent on the microbial 
communities present. For instance, in high oxygen environments aerobic bacteria will 





while in low oxygen environments anaerobic methanogenic respiration of CH4 will 
dominate (Megonigal et al., 2005). The production of N2O can occur through both aerobic 
nitrification and anaerobic denitrification, and is strongly linked to the availability of 
Nitrogen (N) (Beauchamp, 1997; Isermann, 1994). Aquatic vegetated ecosystems provide 
potentially ideal conditions for microbial respiration, with high concentrations of organic 
matter, relatively stable temperatures and protection from desiccation. However, in healthy 
aquatic systems, the production of these gases is somewhat limited by a combination of 
low oxygen concentrations that reduce aerobic production of CO2, natural N limitations, 
and high sulphate concentrations in marine influenced systems that reduce anaerobic 
production of CH4.  
 
With the introduction of human activities, however, the ‘health’ or natural state of 
these ecosystems is often shifted towards that of greater degradation and greenhouse gas 
production. The cause for loss or denudation of aquatic vegetated ecosystems vary globally 
and include land conversion for agriculture, aquaculture, industry, urban development, boat 
moorings, and the over-supply of nutrients (or eutrophication) (Duke et al., 2007; Giri et 
al., 2008; Macreadie et al., 2013, 2015; Pendleton et al., 2012; Short and Wyllie-Echeverria, 
1996; Valiela et al., 2001; Van Asselen et al., 2013; Waycott et al., 2009). During these 
processes, the perturbation (and oxidation) of sediments has been shown to prime microbial 
respiration, resulting in large losses of organic carbon stocks that may have been 
accumulated over centuries (Macreadie et al., 2015; Trevathan-Tackett et al., 2018). In 
addition, the eutrophication of aquatic systems increases microbial production of N2O due 
to a surplus of bioavailable N (Moseman-Valtierra et al., 2011). Globally, the cost of 
greenhouse gas emissions from the above mentioned activities is estimated at $US 6 – 42 




billion annually, or 3 – 19 % of those from global deforestation, based only on CO2, and 
not including freshwater ecosystems (Pendleton et al., 2012).  
1.1.5 Freshwater ecosystems 
 
Through the production of organic material through photosynthesis and the collection of 
organic material in rain water run-off and ground water discharge, freshwater wetlands 
contain 20 – 30 % of all terrestrial organic carbon in their soils (Carnell et al., 2018; Mitra 
et al., 2005; Mitsch et al., 2013). Like coastal systems, low oxygen conditions limits aerobic 
microbial release of CO2, however, freshwaters have low sulphate concentrations and are 
therefore hotspots for the production and release of CH4 (Lawrence et al., 2012). In 
addition, eutrophication due to proximity with agricultural practices can cause vegetative 
die back with subsequent perturbation of soils and release of CO2 (Short and Wyllie-
Echeverria, 1996; Waycott et al., 2009; Pendleton et al., 2012), increased algal production 
and die-offs (i.e. blooms) resulting in large microbial respiration from decaying organic 
materials (Hecky and Kilham, 1988), and greater microbial N2O production (Deemer et al., 
2016; Downing et al., 2008; Thornton et al., 1990).  
 
The release of greenhouse gases from large human-built water bodies, such as 
reservoirs used for water storage and hydroelectricity, has been a key area of focus for 
freshwater emissions (Louis et al. 2000; Barros et al. 2011; Deemer et al. 2016). Due to 
their high catchment to surface-area ratio and nearness to agricultural practices, reservoirs 
receive greater amounts of organic material and nutrient run-off than natural freshwater 
lakes (Thornton et al. 1990; Downing et al. 2008; Deemer et al. 2016). The atmospheric 





CO2-e yr-1 or ~ 7 % of all anthropogenic emissions, with roughly 90 % of these emissions 
attributed to the release of CH4 (St. Louis et al. 2000; Deemer et al. 2016). 
 
             In 2016 the IPCC Expert Meeting for the Technical Assessment of Inventory 
Guidelines (Wollongong) noted a lack of emissions data for agricultural freshwater bodies, 
and advised a research focus on the quantification of their emissions as a first step toward 
inclusion into offset framework (Task Force on National Greenhouse Gas Inventories, 
2016). Like their larger reservoir counterparts, agricultural water bodies (or farm dams) 
(Figure 1.2) are heavily influenced by localised agricultural land use, such as crop 
fertilisation and livestock effluents (Blanchard and Lerch 2000; Ferrier et al. 2001; 
Brainwood et al. 2004), and therefore are likely to maintain relatively high microbial 
respiration and subsequent production of greenhouse gases (Del Giorgio and Cole 1998). 
Accompanying the global expansion of farming practices, farm dams are now estimated to 
cover 77,000 km2 of the lands surface or 0.1 - 6 % of farmland worldwide (Downing et al. 
2006). 






Figure 1. 2: Examples of small freshwater agricultural dams (i.e. farm dams), panels (a) 
and (b) show the use of dams for livestock hydration, panel (c) shows an aerial view of a 
dam used for the watering of crops, and panel (d) shows natural vegetation along the edge 
of a relatively pristine farm dam. 
 
1.2 Research objectives and scope 
 
In this thesis I will make steps towards a better understanding of Australia’s potential to 
mitigate climate change through improved environmental management of aquatic 
ecosystems. The broad objectives of this research is to quantify both the carbon capture and 
greenhouse gas emission dynamics of aquatic ecosystems that are recognised to have a high 
suitability for developing carbon offset methodology. To achieve this, aquatic ecosystems 
are compartmentalised and assessed in detail for their carbon sequestration, stock or carbon 
dioxide-equivalent emissions. Within each ecosystem, a range of environmental drivers 
that represent either natural baselines or human activities were quantified in conjunction 
with the carbon dynamics (Figure 1.3). It is hoped that the results of this thesis will help to: 




(i) reveal carbon dynamics that were previously unknown; (ii) highlight the monetary worth 
of these systems and stimulate environmental investment; (iii) provide natural baselines for 
carbon offset methodology and climate budgets; and (iv) help to assess the current human 
effects on aquatic carbon dynamics and predict the possibility of climate mitigation under 
altered human activities 
 
Figure 1. 3: A short overview of the two Parts, four Chapters, and their connections that 





This thesis is an industry funded research project, in partnership and close guidance 
with the Corangamite Catchment Management Authority, Victoria, Australia. As such the 
research objective, scope, and specific aims, of this thesis are focused on both novel 
scientific development in areas of key knowledge gaps, and the practical application of the 




scientific process to achieve the development of new climate focused environmental 
management. Aside from the second chapter which is an amalgamation of nationwide data, 
all research is situated within the Corangamite Catchment boundaries. Traditionally owned 
by the Wadawurrung people, the Corangamite region extends across 1.3 million hectares 
of land immediately West of Melbourne, Victoria. This region is predominantly made up 
of private land (78%) dominated by livestock grazing and crop production, also featuring 
13 Ramsar-listed wetlands and a 175 km coastline largely reserved for conservation. The 
Corangamite coastal vegetated ecosystems consist of principally tidal salt marshes, and 
seagrasses, with only sparse mangroves able to establish along the southern coastline of 
Australia.  
 
To address the broad research objectives this thesis seeks to answer three primary 
questions; 
• What are the standing carbon stocks of tidal marshlands along Australia’s coast? 
• What are the baselines atmospheric greenhouse gas emissions from healthy 
Australian seagrass ecosystems? 
• To what scale do Australia’s freshwater agricultural dams contribute to atmospheric 
greenhouse gas emissions? 
 
This thesis consists of three main parts, four research articles, a concluding chapter and 
supplementary materials. As of the date of submission of this thesis, all research articles 
are either published in, or under review with, various journals. Each research article is an 
individual scientific contribution, with an Abstract, Introduction, Materials and Methods, 
Results, and Discussion. While each article reads as an individual scientific contribution, 




they are all linked through the overarching research questions and thought processes 
discussed in this section (Figure 1.3). 





1.3 Chapters and research questions 
 
The above introduction and objectives give only a general understanding of the research 
aims addressed in this thesis. Here, we list the specific questions guiding each research 
chapter, and the abstract of each chapter to provide greater context.  
 
Part I: Carbon uptake 
Chapter 2: What are the concentrations and the monetary worth of carbon stored in the 
sediments of Australia’s coastal marshlands, what are the carbon sequestration rates 
of Australia’s tidal marshes and how do they compare to global values, and are the 
concentration of these stocks driven by local environmental conditions?  
 
Summary for context: Australia’s tidal marshes have suffered significant losses 
but their recently recognised importance in CO2 sequestration is creating 
opportunities for their protection and restoration. We compiled all available data on 
soil organic carbon (OC) storage in Australia’s tidal marshes (323 cores).  OC stocks 
in the surface 1 m averaged 165.41 (SE 6.96) tonne OC ha-1 (range 14-963 tonne 
OC ha-1). The mean OC accumulation rate was 0.55 ± 0.02 tonne OC ha-1 yr-1. 
Geomorphology was the most important predictor of OC stocks, with fluvial sites 
having twice the stock of OC as seaward sites. Australia’s 1.4 million hectares of 
tidal marshes contain an estimated 212 million tonnes of OC in the surface 1 m, with 
a potential CO2-equivalent value of $USD7.19 billion. Annual sequestration is 0.75 
Tg OC yr-1, with a CO2-equivalent value of $USD28.02 million per annum. This 
study provides the most comprehensive estimates of tidal marsh blue carbon in 
Australia, and illustrates their importance in climate change mitigation and 




adaptation through CO2 sequestration. We outline potential further development of 
carbon offset schemes to restore the sequestration capacity and other ecosystem 
services provided by Australia tidal marshes. 
 
Part II: Carbon emissions – Natural 
Chapter 3: Are Australian seagrass ecosystems net emitters or consumers of atmospheric 
greenhouse gases, what drives these emissions, and how much do these emissions 
vary over spatial and temporal scales?  
 
Summary for context: Seagrasses have some of the highest rates of carbon burial 
on the planet, and have been highlighted as potentially ideal ecosystems for natural 
carbon offsetting. Quantification of the net carbon balance of seagrasses requires 
incorporation of their associated greenhouse gas emissions. Here, we report the first 
Australian estimates of seagrass associated carbon dioxide (CO2), methane (CH4) 
and nitrous oxide (N2O) air-water emissions. Using high resolution sampling over 
both temporal and spatial scales we demonstrate that seagrasses are net sinks of 
atmospheric greenhouse gases, ranging from -480 ± 15.96 to -16.2 ± 8.32 mg CO2-
equivalents m-2 d-1. In addition we highlight large diel and spatial variability in 
seagrass greenhouse gas fluxes, while discussing the observed links between 
greenhouse cycling and dissolved oxygen, salinity, light and tide. Through mass 
balance of a 24 hour incubation and assessment of the carbon isotopic values (δ13C) 
of dissolved CO2, we show that seagrass CO2 dynamics were driven by seagrass 
primary production, and the microbial breakdown of seagrass biomass, equating to 
a net uptake of -493.68 µmol CO2 m-2 d-1. The net release of CH4  (0.44 umol m-2 h-
1) and net uptake of N2O (-0.06 umol m-2 h-1) essentially cancelled each other out at 




16.12 and -16.13 mg CO2-e m-2 d-1, respectively. The results of this study fill key 
emission accounting gaps both in region, and gas species, and supports the use of 
temperate seagrasses for the offsetting of atmospheric emissions.  
 
Part II: Carbon emissions - Anthropogenic 
Chapter 4: What contribution do Victoria’s 375,000 agricultural water bodies (< 0.01 km2) 
make toward the states total greenhouse gas emissions, how does this compare to 
large reservoirs, and can these emissions be predicted by nutrient concentrations?  
 
Summary for context: Freshwater ecosystems play a major role in global carbon 
cycling through the breakdown of organic material and release of greenhouse gases 
(GHGs). Carbon dioxide (CO2) and methane (CH4) emissions from lakes, wetlands, 
reservoirs and small natural ponds, have been well studied, however the GHG 
emissions of highly abundant, small-scale (< 0.01km2) agricultural dams (small 
stream and run-off impoundments) is still unknown. Here, we measured the 
diffusive CO2 and CH4 flux of 77 small agricultural dams within southeast Australia. 
The GHG emissions from these waterbodies, which are currently unaccounted for 
in GHG inventories, amounted to 11.12 ± 2.59 g CO2-equivalent m-2 d-1, a value 
3.43 times higher than temperate reservoir emissions. Upscaling these results to the 
entire state of Victoria, Australia, resulted in a farm dam CO2-equivient d-1 emission 
rate of 4853 tonnes, 3.1 times higher than state-wide reservoir emissions in spite of 
farm dams covering only 0.94 times the comparative area. We also show that CO2 
and CH4 emission rates were both significantly positively correlated with dissolved 
nitrate concentrations, and significantly higher in livestock rearing farm dams when 
compared to cropping farm dams. The results from this study demonstrate that small 




agricultural farm dams can be a major source of greenhouse gas emissions, thereby 
justifying their inclusion in global carbon budgets. 
 
Chapter 5: How much does season affect agricultural dam greenhouse gas emissions, what 
are the N2O emission rates and how do they compare to other ecosystems, do day-
night cycles affect atmospheric emission rates and therefore diel upscaling? 
 
Summary for context: Through the microbial breakdown of organic matter, and 
production of greenhouse gases, small agricultural dams or ponds have recently 
been shown to make a relatively large contribution to freshwater ecosystem carbon 
cycling. However, current estimates of their total carbon dioxide-equivalent (CO2-
e) emissions lack inclusion of both seasonal and diel fluctuations. In addition, the 
atmospheric emissions of nitrous oxide from these highly eutrophic systems has yet 
to be established. Here, we quantified the diffusive winter emissions of carbon 
dioxide (CO2), methane (CH4), and nitrous oxide (N2O) from 12 small agricultural 
dams within South-east Australia over a 24 hour period. The winter CO2-e emissions 
of small agricultural water bodies were ~92% lower than recent estimates during 
summer, at 1.02 g m-2 d-1, while N2O contributed just 3.2% of this total. We also 
show that diel cycles do not significantly affect winter CO2, CH4 or N2O emission 
rates, and we discuss the likely carbon sources to these systems, through analyses 
of stable carbon isotopes (δ13C). The results from this study fill key gaps in our 
knowledge of agricultural dam greenhouse gas production and global atmospheric 
emissions, aiding their inclusion into future greenhouse gas budgets.  
 




Chapter 6: Conclusions and Outlook A conclusion and consideration of the work, with 
insights and recommendations for future research.   
 
Appendix A: Supporting Information Chapter 2. As we develop methodologies for 
natural carbon offsetting, the need for spatially detailed carbon stock data is high. 
Here, we provide a detailed list of 323 sedimentary carbon cores from 83 tidal marsh 
sites across Australia, with details on geomorphic setting, dominant vegetation and 
carbon qualities. This appendix also contains a summary of Australian tidal marsh 
sedimentation literature. 
 
Appendix B: Supporting Information Chapter 4. Small agricultural water bodies have 
previously been overlooked in global greenhouse gas budgets. This appendix, 
contains a comparison in area and greenhouse emissions of Victoria’s large 
reservoirs with Victoria’s agricultural water bodies (split into two groups; (1) < 
0.001 and (2) 0.001 – 1 km2)  
 
Appendix C: Supporting Information Chapter 6. To date, there is no published data on 
small agricultural dam ebullitive emission rates, while previous work in lakes and 
reservoirs has highlighted the large contribution ebullition makes to total CO2-
equivalent emissions. This appendix contains a diagram of the floating ebullition 
chamber distributed across 20 agricultural dams of Victoria. Unfortunately a severe 
weather event broke the water-air seal before the three week incubation was 
finished. 
 




Appendix D: Overview of PhD Related Activities Presented within this appendix are 
the relevant academic activities performed during, and related to, the completion 
of this PhD. 
 
Appendix E: University Documentation The documents outlined in this appendix are 







































Carbon Inventory of Australian Tidal Marsh 
 
 
This chapter is published as a “Research Article” in Scientific Reports (ISSN: 2045-2322). 
This publication has been modified to ensure consistency throughout the thesis, and 
benefited from the contribution of two anonymous reviewers. 
 
Citation: Macreadie, P.I.*1st, Ollivier, Q.R*1st., Kelleway, J.J., Serrano, O., Carnell, P.E., 
Lewis, C.E., Atwood, T.B., Sanderman, J., Baldock, J., Connolly, R.M. and Duarte, C.M. 
(2017) Carbon sequestration by Australian tidal marshes. Scientific reports, 7, p.44071. 




Australia’s tidal marshes have suffered significant losses but their recently recognised 
importance in CO2 sequestration is creating opportunities for their protection and 
restoration. We compiled all available data on soil organic carbon (OC) storage in 
Australia’s tidal marshes (323 cores).  OC stocks in the surface 1 m averaged 165.41 (SE 
6.96) tonne OC ha-1 (range 14-963 tonne OC ha-1). The mean OC accumulation rate was 
0.55 ± 0.02 tonne OC ha-1 yr-1. Geomorphology was the most important predictor of OC 













million hectares of tidal marshes contain an estimated 212 million tonnes of OC in the 
surface 1 m, with a potential CO2-equivalent value of $USD7.19 billion. Annual 
sequestration is 0.75 Tg OC yr-1, with a CO2-equivalent value of $USD28.02 million per 
annum. This study provides the most comprehensive estimates of tidal marsh blue carbon 
in Australia, and illustrates their importance in climate change mitigation and adaptation, 
acting as CO2 sinks and buffering the impacts of rising sea level. We outline potential 
further development of carbon offset schemes to restore the sequestration capacity and 
other ecosystem services provided by Australia tidal marshes. 
 
2.1 Introduction  
 
Removal of atmospheric carbon dioxide (CO2) through sequestration in natural ecosystems 
is necessary to keep global temperature under 2°C of pre-industrial levels as the world 
transitions to a low-carbon economy. Whereas technological approaches to remove 
atmospheric CO2 are being sought, biosequestration of CO2 is already a proven process that 
can be conserved, enhanced and incorporated into emission accounting and reduction 
frameworks.  Vegetated coastal ecosystems – tidal marshes, seagrasses and mangroves – 
known as ‘blue carbon ecosystems’, rank among the most efficient biosequestration 
systems in the planet (Mcleod et al., 2011). During the climate change negotiation meetings 
in Paris at COP21, Australia followed other nations in announcing that it will “increase 
understanding of, and accelerate action on the important role of coastal blue carbon 
ecosystems in climate change action”. It will also be among the first countries to include 
blue carbon in its national greenhouse gas inventory. For these aspirations to be fulfilled, 
Australia needs to: 1) determine the stocks and distribution of blue carbon; 2) determine 
the factors controlling the accumulation of blue carbon around its coastline; and 3) identify 
and capitalise on opportunities for implementing management actions capable of enhancing 




carbon stocks or avoiding greenhouse gas emissions above the ‘business and usual’ 
scenario. Here we contribute to these goals, with a focus on tidal marshes (also referred to 
commonly as ‘saltmarshes’). 
 
Australia has vast tracts of tidal marshes, with a total area estimated at 13,825 km2 
(1,382,500 hectares). Australian tidal marshes have long been considered a poorly 
understood and neglected resource (Saintilan, 2009). Since European settlement in 
Australia (1788), vast areas of tidal marsh have been cleared for agricultural and urban 
development (Table 2.1). Tidal marshes are regarded as one of the 10 major terrestrial and 
marine ecosystems in Australia most vulnerable to exhibiting tipping points, where 
relatively small changes in the environment lead to disproportionately large ecosystem 
losses (Laurance et al., 2011). Protection and conservation of Australian tidal marsh is now 
improving (Laegdsgaard et al., 2009). For example, through multiple legislative acts 
Australian coastal tidal marshes have been declared either endangered or vulnerable 
ecological communities (Saintilan, 2009), affording them a higher level of protection and 
conservation than non-threatened ecosystems. Still, many areas have been lost or remain 







Table 2. 1: Losses of Australian tidal marsh by state. Literature that did not present values area lost were excluded from the summary. No published literature was available 
for the Northern Territory. *Victoria state averages reflect scenarios I and II from  Sinclair and Boon (2012a) based on the ambiguity of tidal marsh in the Gippsland Lakes.  
State/Territory Area (km2) 
Rate of loss 
(km2 yr-1) 
Rate of loss ± SD 
(% total area yr-1) Time period Causes of Loss Method Reference(s) 
New South Wales 73 0.0931 0.01% ± 0.51 1940s/1950s to 1990s 




Photogrammetric analysis of a 
subset of wetlands from nine 
estuaries within NSW 
(Wilton, 2002) 
Queensland 5,322 1.3510 0.0184 Pre-1750 to 2011 Agriculture, urban & industrial development 
Aerial imagery and ground-
truthing of QLD coast 
  
(Neldner et al., 2014, 
2017) 
South Australia 84 0.0824 4.4516% 1930s to 1970s & 1970s to 1990s 
Mangrove encroachment, 
urban development 
Photogrammetric analysis and 




Harty, 2004; Saintilan 
and Williams, 2010) 
 
Tasmania 37 0.0406 0.2963% 1952 to 2006 
Expansion of Melaleuca 
ericifolia, land clearing, 
levees (approx. 90%). 
Aerial photo interpretation and 
ground-truthing of Circular 
Head, Tasmania (representing 
20% of Tasmanian tidal marsh 
area) 











Pre-1750 to 2008 
Grazing, reclamation for 
agriculture, vehicle 
damage. 
State-wide archival maps & field 
observations, aerial imagery & 
ground-truthing 
(Sinclair and Boon, 
2012b) 
Western 
Australia 2,965 13.54 18% 1999-2002 Cyclone 
Aerial imagery & photography, 
field validation (Paling et al., 2008) 
Northern 
Territory 5,005 Unknown Unknown - - - - 





An opportunity now exists to finance the restoration of tidal marshes through a 
growing carbon-offset market focused around nature-based climate mitigation (via 
biosequestration) (Thomas, 2014). Indeed, a recent paper by Rogers et al. (2016) proposed 
a series of actions that could improve protection of tidal wetlands and their ecosystem 
services by building interest in the recently-recognised value of tidal marshes in carbon 
offset markets. Tidal marshes are among the Earth’s most efficient carbon sinks. They 
accumulate organic carbon in their soils at rates up to 55-times faster than tropical 
rainforests, and store the carbon in soils for millennial timescales (Mcleod et al., 2011). 
However, human activities can diminish the capacity of tidal marshes to sequester carbon 
(Macreadie et al., 2012), and loss of carbon from tidal marsh ecosystems has been reported 
due to land reclamation (Bu et al., 2015), chemical and physical disturbances (Mason et al., 
2003; Macreadie et al., 2013), eutrophication (Deegan et al., 2012), and loss of top-down 
control by the removal of associated fauna (Coverdale et al., 2014; Atwood et al., 2015). 
Sea level rise and climate change may also influence carbon sequestration within tidal 
marshes either positively or negatively (Saintilan et al., 2014; Kelleway et al., 2016b). 
 
Information on Australian tidal marsh carbon stocks and accumulation rates has 
increased considerably over the past decade through localised efforts. Carbon stocks and 
accumulation rates for Australian tidal marshes appear to be comparable with global 
average values (Livesley and Andrusiak, 2012; Saintilan et al., 2013; Lovelock et al., 2014; 
Ouyang and Lee, 2014; Kelleway et al., 2016a), although previous Australian data have 
been limited in both geographical distribution and sample size. Carbon stocks and 
accumulation rates within tidal marshes vary with plant community types and their 





allochthonous carbon from fluvial inputs and tidal transport (Saintilan et al., 2013; 
Lovelock et al., 2014). For this reason, human modifications to catchments that affect either 
fluvial inputs (e.g. clearing or dams) or tidal exchange (artificial levees) can significantly 
affect OC sequestration rates and tidal marsh resilience (Laegdsgaard et al., 2009; Saintilan 
et al., 2013). 
 
The primary goal of this study was to provide new estimates of blue carbon stocks 
and accumulation rates for Australian tidal marshes. A large new (previously unpublished) 
dataset comprising of sediment cores taken from the temperate coasts of Australia has been 
complied, along with all available literature data (Figure 2.1). This represents by far the 
largest compilation of Australian tidal marsh OC data to date. In addition to quantifying 
OC stocks and accumulation rates, we investigated possible factors (i.e. climate and habitat 
characteristics) driving carbon storage in tidal marshes. The work focused on OC located 
below-ground because much of the above-ground plant material is not sequestered in the 
long-term, and, most importantly, because the highest proportion of the carbon stock is in 
the sedimentary, below-ground pool (Batjes, 1996). 
2.2 Materials and methods 
 
Data on OC and other sediment properties were compiled from the states of Western 
Australia (WA), South Australia (SA), Victoria (VIC), New South Wales (NSW), and 
temperate Queensland (QLD). The locations of sites are shown in Figure 2.1. Data 
consisted of unpublished studies from the Marine and Coastal Carbon Biogeochemistry 
Cluster project (http://www.csiro.au/en/Research/OandA/Areas - /Coastal-
management/Coastal-Carbon-Cluster), with the exception of Queensland and NSW data 
which were derived from previously published work (Lovelock et al., 2011; Kelleway et 
al., 2016a, 2016b). An overview of the data can be found in Appendix 1, Table A.







Figure 2. 1: Sampling locations used to obtain data on organic carbon and other soil 
properties within temperate Australian tidal marshes. Total distribution of Australian tidal 
marshes is also displayed (see published article for GIS data used). Figure created with 
ArcMap Version 10.2.2. 












Sediment cores (ranging from 10 to 100 cm long) were sampled by means of 
percussion and rotation, or vibrocoring. The core barrels consisted of PVC or aluminium 
pipes (50 to 90 mm inside diameter) with sharpened ends to cut fibrous material and 
minimise compression during coring. All cores were sealed at both ends, transported to the 
laboratory and stored at 4°C until processing. Cores in NSW were sampled at 0 – 20 cm, 
20 – 50 cm, and 50 – 100 cm intervals, while cores in QLD were sampled at 0 – 30 cm, and 
in VIC soils were sampled at 0 – 2 cm, 14 – 16 cm, and 28 – 30 cm increments. WA and 
SA soils were sampled in increments ranging from 1 cm to 10 cm. Samples were weighed 
before and after oven drying to constant weight at 60°C (DW) to determine bulk density. 
Soil increments were homogenised and ground into a fine powder using a ball mill. We 
focussed on bulk soil OC, which included belowground living plant biomass (e.g. roots and 
rhizomes). 
 
The ‘Champagne test’ (Schlacher and Connolly, 2014) was used to determine 
whether samples contained inorganic carbon. Subsequently, only those samples which 
contained sufficient inorganic carbon to cause bubbling were subject to acid washing (1 M 
HCl) to remove inorganic carbon. The gravimetric OC content of the sediment samples was 
measured via elemental analysers (Macreadie et al., 2014a) or predicted from mid-infrared 
(MIR) spectra acquired for the ground samples.  For MIR predictions, a representative set 
of 200 samples was identified by applying the Kennard-Stone algorithm to a principal 
components analysis of the MIR spectra acquired for all samples.  The gravimetric OC 
content of each of the 200 identified samples was measured using an elemental analyser.  
Partial least squares regression was used to derive an algorithm capable of predicting 




gravimetric OC contents from the acquired MIR spectra for all samples (Baldock et al., 
2014). 
 
Information on sediment accretion rates (mm yr-1) were obtained from previously 
published research using marker horizons (Rogers, 2004; Rogers et al., 2006; Howe et al., 
2009; Rogers et al., 2013). Although useful, comparisons of OC accumulation rates (g C 
m-2 yr-1) could not be statistically analysed in this study due to the use of an Australian tidal 
marsh mean sediment vertical accretion value (obtained from the literature) used 
universally in the below equation: 
 
!" = 	%&' 	×	)*	+
*
 (Eq 2.1) 
  
where !" represents the average carbon accumulation rate found across Australian tidal 
marshes (g m-2 yr-1), &' represents the average Australian tidal marsh sediment vertical 
accretion rate (mm yr-1) obtained from the literature (Appendix 1, Table A.2), )* represents 
the conversion of individual core carbon stocks (tonne OC ha-1, 30 cm depth) to grams of 
OC per m2 in the top 1 mm soil layer, and n represents the number of individual cores. The 
value of Australia’s total OC stock was calculated through the following equation:  
 
, = 	%)-' ×	.*
*
 (Eq 2.2) 
  
where , represents the total OC stored in Australian tidal marshes to 1 m depth, 
)-' represents the mean OC stocks within each Australian state (tonne OC ha-1, 1 m depth), 
and .* represents the total area of tidal marsh within each corresponding Australian state 
2.2  MATERIALS AND METHODS 
 
 32 
obtained from the literature (Table 2.1). This study did not sample within Tasmania, and 
only one site in the Northern Territory was found in the literature, so to calculate total 
stocks in these states the average OC stock values of all Australian locations were used as 
a proxy for )-'  in the equation stated above.  
 
To allow for direct comparisons with international literature, the OC stocks 
obtained in this study were standardized to 100 cm-thick using both logarithmic and linear 
regressions of OC concentrations with depth. Where samples were limited to 20 cm depth 
(due to difficulty penetrating deeper depths using available coring materials) extrapolation 
of regressions were only conducted to 30 cm (n = 5). Predictions of 1 m deep OC stocks 
were calculated as follows; Logarithmic regressions were applied to sediment cores with a 
depth between 50 < 100 cm allowing for both a higher R2, and core specific incorporation 
of carbon stabilisation effects often found beyond 30 cm depth. Linear regressions were 
applied to all cores of 30 cm depth, however, to account for likely carbon stabilization 
beyond 30 cm the following correction equation was applied (Eq 2.3 and 2.4): 
 








39* = 	%/0""" 	×	3*
*
 (Eq 2.4) 
where /0""" represents the mean of all core specific correction values, 2* represents the actual 
OC stock to 1 m depth of an individual core (tonne OC ha-1), 3* represents the linearly 
predicted OC stock value to 1 m depth of the same core (Eq 2.3), or an individual core 
(equation 4) based on the surface 30 cm soils, + represents the number of available cores 




sampled to 1 m, and 39* represents the corrected 1 m stock value of an individual linearly 
predicted core. Port Augusta was not extrapolated to 1 m as the data obtained was only 
from the 0-10 cm soil layer.   
 
To test the effects of geomorphic setting (fluvial or marine) only locations that 
retained clear delineation between geomorphic settings were used. For New South Wales 
(NSW), 77 paired comparisons of fluvial and marine settings within the same estuarine 
systems were used (e.g. upper and lower river sampling sites) (Kelleway et al., 2016a). In 
Victoria (VIC) not all sites were from the same estuary. To ensure consistency with NSW 
data, fluvial sites were chosen with similar distances from open-ocean (marine influence)(n 
= 18 fluvial, n = 18 marine, see Table A.1. for the locations of VIC geomorphic 
comparisons). Due to large variation in dominant vegetation sample sizes, only Juncus 
kraussii, Sarcocornia quinqueflora, Sporobolus virginicus and mixed sites were 
statistically analysed. Normality was confirmed through visual examination of box plots 
and frequency histograms. A Levene’s Test confirmed homogeneity of variance between 
geomorphic settings (P > 0.05), however heterogeneous variance was found between 
dominant vegetation types (P < 0.05). A restricted maximum likelihood (REML) estimate 
of the parameters in a linear mixed-effects model (“lme()” function), with location included 
as a random factor, was used to assess the contribution of mean annual rainfall and mean 
maximum temperature on tidal marsh OC stocks to a depth of 30cm. A separate REML 
mixed effects model with the inclusion of fixed factor heterogeneity using the “varIdent()” 
function, again with location assessed as a random factor, was used to investigate the effects 
of dominant vegetation type on OC stocks to 30 cm depth. All assumptions of linear mixed-
effects analysis were confirmed through regression diagnostics. Mean annual rainfall (mm 




(lm, Adjusted R-Squared = 0.41). All OC stock data were square root transformed, and two 
high outliers (Amity North and Amity South) were removed, to facilitate normality of OC 




A total of 323 samples were analysed from the states of Victoria (VIC, 45 locations), New 
South Wales (NSW, 25 locations), temperate Queensland (QLD, 6 locations), Western 
Australia (WA, 4 locations), South Australia (SA, 3 locations) and Northern Territory (NT, 
1 location). A total of 11 observations of tidal marsh carbon stocks were sourced from the 
literature. All data are summarised in Table A.1. Estuary type included barrier estuaries, 
saline coastal lagoons, drowned river valleys / estuaries, sand islands, sand flats, tidal 
creeks, embayments, riverine estuaries, marine inlets, estuarine lakes, and periodically 
inundated lakes. The dominant vegetation types were: Sarcocornia quinqueflora (117 
cores), Juncus kraussii (84 cores), Sporobolus virginicus (40 cores), Suaeda australis (14 
cores), Tecticornia sp. (13 cores), Baumea juncea (6 cores) and Paspalum vaginatum (3 
cores).  Another 43 cores had a mix of species, and 3 cores did not have vegetation data.  
 
Carbon stocks varied from 14 to 962 tonne OC ha-1 in the top 1 m, with a mean of 
165.41 tonne OC ha-1 (SE 6.96). Carbon stocks at 30 cm depth varied from 8.89 to 603.67 
tonne OC ha-1, with a mean of 77.92 tonne OC ha-1 (SE 3.35). Australian tidal marsh 
sediment vertical accretion rates ranged from 0.33 to 5.93 mm yr-1, with an overall mean 
of 2.09 ± 0.32 mm y-r1 , while surface elevation tables (SET’s) recorded a mean elevation 
change of 1.44 mm yr-1 (SE 0.44, Table A.2). We calculated a mean Australian tidal marsh 
carbon accumulation rate of 54.52 g OC m-2 yr-1 (SE 2.34; 0.55 tonne OC ha-1 yr-1) (see 
methods, Equation 2.1). We therefore calculated that Australian tidal marshes sequester 




carbon in their sediments at a rate of 0.75 Tg C yr-1, or 750,477 tonnes C yr-1, which has a 
value of $AUD33.33 million ($USD28.02 million) at a weighted average price of $12.10 
per tonne CO2-e (calculated over the last three auctions held by Australia’s Clean Energy 
Regulator).  
 
On a state-by-state basis, we found New South Wales tidal marshes to have the 
lowest mean percent OC (5.35 ± 0.49 %, Table 2.2) but the highest mean dry bulk density 
(0.92 ± 0.03 g cm3) and carbon stock (188.3 ± 9.92 tonne OC ha-1, 1 m depth, Table 2.2). 
Queensland had the highest mean percent OC (8.67 ± 2.17, Table 2), while Western 
Australia had the lowest mean OC stocks (91.25 ± 10.24 tonne OC ha-1, 1m depth, Table 
2.2). NSW had higher mean OC stocks on a per area basis than VIC (Table 2), although 
VIC had more OC overall due to a larger total area of tidal marsh (Figure 2.2). Queensland 
had the highest estimated total OC stock in the top 1m at 99 684 Gg, although this estimate 
had large variation around the mean value (Figure 2.2). Australian tidal marshes were found 
to contain an estimated 210.98 tonne (million tonnes) of OC in the top 1m, based on an 














Table 2. 2: Comparisons by state of organic carbon (OC) stocks and accretion rates across 
Australia (mean, SE). Dry bulk density and percent OC data is representative of 30cm deep 
cores, except NSW where data is representative of 20 cm depth. Only OC stock values 
include data taken from the literature (Table A.1). See 5.2. Materials and Methods for 
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5.35 ± 0.49 
 
0.92 ± 0.03 69.5 ± 3.33 
 
188.3 ± 9.92 
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6.78 ± 1.56 
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7.35 ± 1.8 
 
0.3 ± 0.09  43.12 ± 7.93 
 
91.25 ± 10.24 
 
 














Figure 2. 2: Estimated total organic carbon stored in Australian tidal marsh expressed in 
Gigagrams (Gg OC , mean ±  standard error). State-specific tidal marsh areas were obtained 
from the literature (Table 2.1). Values shown here have been square root transformed for 
optimal visual comparisons. Due to a lack of carbon stock data in the Northern Territory 
and Tasmania, the mean of all other states combined were applied to their state-specific 
tidal marsh areas. 
 
Geomorphic setting was found to be a strong predictor of OC stocks with fluvially-
influenced tidal marsh sites having approximately double the OC than of sites with greater 
marine influence (ANOVA, F (1, 186) = 84.262, P = 0.000, Figure 2.3). This pattern was 
consistent across the states that were analysed; NSW and VIC (ANOVA, F (1, 186)  = 2.094, 







































































Sarcocornia quinqueflora and mixed vegetated (69.59 ± 3.89, 80.25 ± 4.95, 83.9 ± 3.96 
tonne OC ha-1 respectively), Sporobolus virginicus dominated sites were found to be 
significantly lower (61.48 ± 7.46 tonne OC ha-1, lme, t (199) = -2.757, P = 0.006). A linear 
mixed-effects model detected no significant relationship between either mean annual 
rainfall (mm yr-1) or mean maximum temperature (oC) and carbon stocks (lme, t (243) = -





Figure 2. 3: Tidal marsh carbon stocks (to 1 m, mean ± standard error) at sites with clear 
fluvial or marine influences. New South Wales: marine n = 77, fluvial n = 77. Victoria: 
marine n = 18, fluvial n = 18. Locations of comparisons and further information are shown 









































In this study we collected data on OC stocks from 84 tidal marsh sites (323 soil cores) 
around Australia – the most comprehensive Australian tidal marsh OC database to date – 
providing a two fold increase in estimates since global data published by Chmura et al. 
(2003) and Ouyang and Lee (2014). Previous studies on OC stocks for Australian tidal 
marshes have only compared across multiple estuaries (Saintilan et al., 2013; Kelleway et 
al., 2016a), but here we significantly expand this spatial coverage to a regional, and national 
scale. Only one previous study, by Ouyang and Lee (2014), has estimated Australia-wide 
tidal marsh sequestration and was derived from just 3 observations in NSW and VIC. 
Ouyang and Lee (2014) estimated that Australian tidal marshes sequester 274.8 g C m-2 yr-
1, equating to 3.78 Tg C yr-1 based on a tidal marsh area of 13,765 km2 (1,376,500 ha). Our 
estimates are lower than this; we find that Australian tidal marshes sequester 59.7 g C m-2 
yr-1, which equates to 0.82 Tg C yr-1. 
 
We note, however, that the two studies used by Ouyang and Lee (2014) to calculate 
the rate of tidal marsh carbon accumulation appear to have led to a 2.6-fold overestimate 
of the carbon sequestration by Australian tidal marshes. Ouyang and Lee (2014) included 
in their estimate a value from Howe et al. (2009) for highly disturbed tidal marshes, which 
had a much higher carbon accumulation rate than their undisturbed site, which is the one 
we use here as a better representation of undisturbed tidal marsh OC stocks. In addition, 
Ouyang and Lee (2014) omitted Saintilan’s (2009) low carbon accumulation estimate for 
Juncus tidal marsh, although they included it in their summary table. After accounting for 
these corrections, Ouyang and Lee’s (2014) estimate of carbon accumulation by Australian 




current global means for tidal marsh OC sequestration reported by Ouyang and Lee (2014) 
(244.7 g C m-2 yr-1, n = 143), Duarte et al. (2005) (151 g C m-2 yr-1, n = 96) and Chmura et 
al. (2003) (210 g C m-2 yr-1, n = 116 – included mangroves). That said, most of the world’s 
tidal marshes remain to be sampled. 
 
Compared with Ouyang and Lee (2014), our values for %OC and dry bulk density 
(g cm3, DBD) were generally in the same range and, therefore, we suggest that variance in 
sediment accretion (mm yr-1) between previous global estimates is the likely driver of the 
comparatively low OC sequestration rates observed here. In this study the mean sediment 
accretion rate was 2.09 mm yr-1 which was based on 20 observations (Table A.2), whereas 
Ouyang and Lee (2014) used literature values of 3.4 mm yr-1, 9.8 mm yr-1 from Howe et al. 
(2009), and 1.8 mm yr-1 from Saintilan et al. (2013) (3 observations in total), resulting in a 
comparatively higher OC accumulation estimate (5 mm yr-1). Likewise, Duarte et al. (2013) 
reported a mean ± SE sediment accretion rate for 98 tidal marshes around the world to be 
6.73 ± 0.07 mm yr-1, three-fold higher than the mean value we report for Australian 
marshes. Much of this data was from North America and Europe where tidal marshes are 
dominated by Spartina alterniflora, which occurs lower in the intertidal zone 
(approximately at mean sea level)(Mckee and Patrick, 1988) and is thus inundated more 
frequently than most Australian marshes, which occur relatively higher in the intertidal or 
supratidal zone, often at the landward edge of mangrove forests (Saintilan and Williams, 
1999; Rogers et al., 2006; Lovelock et al., 2011; Saintilan et al., 2014). Sediment delivery 
is higher at locations lower in the intertidal zone (Allen, 2000) and therefore differences in 
sediment accretion between Australia and regions with Spartina sp may be associated with 
differences in the position of tidal marshes in the intertidal. Obtaining more data on 
sediment accumulation rates for Australian tidal marshes is clearly a research priority for 




reducing uncertainty in carbon accumulation rates for the region.  
 
The significant relationship between geomorphology and OC stocks, with fluvial 
tidal marsh sites (landward) having twice the amount of OC as marine (seaward) sites 
subject to little or no fluvial influence, is consistent with findings by Saintilan et al. (2013) 
and Kelleway et al. (2016a)  at sites within the same region, and by Chmura et al. (2004) 
for eastern Canada. Kelleway et al. (2016a) found that fluvial-influenced sites contained 
finer-grained sediments and higher contributions of refractory allochthonous OC than 
seaward sites. Data for grain sizes and contributions of allochthonous OC to the C stocks 
were not available. However, under the assumption that rainfall may increase 
allochthonous inputs of carbon and sediments associated with land runoff, we did assess 
the influence of rainfall on OC stocks and found no significant trends. To note, is that 
because rainfall data was obtained from weather stations closest to each marsh site, it may 
not have accurately represented rainfall for the entire catchment and the subsequent 
influence on fluvial processes and available allochthonous C. Future studies should focus 
on the detailed modelling of rainfall’s effects on regional fluvial systems, and the 
subsequent variance in OC availability to tidal marshes in order to more accurately tease 
apart these relationships. 
 
We estimate the potential value of the carbon stock locked in Australian tidal 
marshes (165.41 ± 6.96 tonne OC ha-1, 1m depth) to be $AUD9.37 billion ($USD7.19 
billion). Of course, this stock can only be monetized under scenarios where the stock is 
vulnerable and payments can be received for avoided emissions (e.g. REDD+). In addition, 
we found Australian tidal marshes accumulate OC annually at a rate of 54.52 ± 2.34 g OC 




million). Together, these values highlight the significant role Australian tidal marshes have 
played in biosequestration historically (i.e. the long-term development of the current OC 
stocks) and may continue to play into the future (i.e. through annual OC accumulation). 
Conversely, the size of these estimates also gives some indication of: 1) the magnitude of 
OC which may have been lost through past habitat destruction - with up to 70% of the pre-
European extent of coastal wetlands lost in parts of eastern Australia (Zann, 2000; Rogers 
et al., 2012); and 2) the OC pool which may be at risk of future emission if current marshes 
are lost or degraded.  
 
Sea level rise is likely to have particular implications for the distribution of 
Australian tidal marshes, and may influence OC stocks and the capacity of marshes to 
accumulate OC in the future. Our assessment has indicated that Australian tidal marshes 
accumulate sediments at a rate of 2.09 ± 0.32 mm yr-1, which is almost three times slower 
than marshes globally (6.73 ± 0.07 mm yr-1) (Duarte et al., 2013). While belowground 
processes (such as subsidence, root production/decomposition and groundwater dynamics) 
also influence ecosystem response to sea level rise, a predicted global rise in excess of 0.26 
m (and up to 0.82 m) over the course of the 21st century  is likely to outpace marsh elevation 
building in at least some locations (Pachauri et al., 2014). Of course, the question of 
whether tidal marshes will keep pace with sea level rise cannot be predicted by comparing 
rates of contemporary accretion against rates of sea level rise – because, for example, 
allochthonous tidal marsh inputs may increase with accelerated sea level rise - if the 
subsequent response to sea level rise involves an ecosystem transition from tidal marsh to 
mangrove then this may lead to an increase in OC storage (as demonstrated recently in the 
Sydney region) (Kelleway et al., 2016b), though broader investigation of this phenomenon 




is needed. Further, little is known of the likely long-term fate of OC under drowning (i.e. 
without transition to mangrove).  
 
Where there is suitable topography to enable upslope migration of marsh (including 
through the removal of anthropogenic barriers such as levees and floodgates) new areas of 
tidal marsh establishment may offer an opportunity to increase OC accumulation and 
storage under rising sea levels. Moreover, this value compounds with that derived from 
other ecosystem services of tidal marshes, such as their nursery role for many marine and 
bird species. Indeed, the steep losses of tidal marshes across Australia (Table 2.1) also 
offers an opportunity to increase the value of tidal marshes by restoring some of the lost 
areas, so that both conservation and restoration actions should be considered to derive the 
full value of tidal marsh conservation as a sound strategy to derive climate change 
mitigation and adaptation co-benefits while conserving and restoring ecosystem values.   
 
2.5 Conclusions, caveats and recommendations  
 
Australia is home to approximately 33% of the planet’s tidal marsh (based on an Australia 
area of 13,765 km2 and a global area of 41,657 km2)(Ouyang and Lee, 2014), however 
there has been widespread decline in tidal marsh distribution since European settlement 
(conversion for agriculture and coastal development). The addition of climate change 
(particularly through sea level rise and the associated phenomena of mangrove 
encroachment and ‘coastal squeeze’) (Donnelly and Bertness, 2001; Craft et al., 2009; 
Kirwan et al., 2010) represents a further threat to these ecosystems. Declines in tidal marsh 
area and condition is gaining increased attention thanks to recent appreciation of its 
valuable role in sequestering carbon, which is important to offsetting anthropogenic CO2 
emissions. Australia’s recent decision to incorporate wetlands into the National 
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Greenhouse Gas Inventory (announced at COP21, Paris) signifies an important step 
towards accounting for CO2 emissions and reductions in their carbon sequestration capacity 
associated with losses of tidal marsh and also for identifying opportunities for restoration 
of OC sequestration. This study represents a major advance in our understanding of carbon 
sequestration by Australian tidal marshes, with data from 323 sites around Australia, 45% 
of which are new data not published thus far. We stress that a large proportion of our OC 
stock data came from 30 cm cores, whereas international methodologies are generally 
based on 1 m depths (e.g. IPCC and blue carbon initiative) (Hiraishi et al., 2014; Howard 
et al., 2014); we therefore extrapolated 30 cm cores to 1 m. We did our best to account for 
potential changes in OC stocks with depth in the 30-100 cm range (see Equations 3 and 4 
in methods), but that the extrapolation process could under- or over-estimate OC stocks.  
 
For future research we recommend the following: 
• Collect data on OC stocks and accumulation rates for areas still under-represented 
in this study, including across northern Australia, Tasmania, South Australia and 
Western Australia (see Figure 2.1). 
• Develop and calibrate predictive models to predict the distribution of tidal marsh 
carbon, and how management actions will affect the persistence and carbon 
sequestration capacity of tidal marshes in the future under different scenarios, such 
as restoration and sea level rise (Rogers, 2004; Rogers et al., 2013). Here we 
recommend an integrated approach of ecosystem-based management that 
recognises the connectivity between coastal and upland processes. Tidal marsh 
restoration is typically pursued to maximise a single ecosystem service (e.g. 
intercepting polluted runoff water, defense against sea level rise), and although 




secondary benefits often ensue, an integrated management approach can maximise 
a range of ecosystem services and achieve better overall outcomes (Rogers, 2004). 
• Investigate carbon offset opportunities, including through the removal of 
anthropogenic structures that limit expansion, hydrological recovery of tidal 
exchange with tidal marshes and their retreat potential as sea levels rise (Creese et 
al., 2009). 
• Research into the effect of morphological and recalcitrant tissue variation of 
different tidal marsh vegetation types on soil OC sequestration rate and storage 
longevity (Donnelly and Bertness, 2001).  
• Catchment level modelling of rainfall effects on the carbon sequestration rate of 
fluvially-influenced tidal marshes. 
• Quantify OC stocks of tidal marsh cores over depths of 1 m to be consistent 
methodologies of the IPCC and recent blue carbon initiatives and avoid the need to 
extrapolate estimates from surface cores (Hiraishi et al., 2014; Howard et al., 2014). 
• Determine the importance of biosequestration relative to other ecosystem services 
provided by tidal marshes (e.g. nutrient cycling, shoreline stabilisation, pollution 
control, biodiversity enhancement) (Bucher and Saenger, 1991), and explore and 
develop markets that allow payments for a range of ecosystem services in addition 
to carbon. 
 
As the world tries to transition to a low-carbon economy, there is growing 
opportunity to finance the conservation and protection of tidal marshes using the carbon 
offset market. The Verified Carbon Standard (VCS) Methodology for Tidal Wetland and 
Seagrass Restoration could attract carbon credits for tidal marsh restoration, but to our 
knowledge there have been no attempts by carbon offset providers to use the VCS scheme 
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in Australia. At the national level, the Australian Government’s Emission Reduction Fund 
(ERF) is the primary policy relevant to carbon management. Considering the magnitude of 
OC storage and accumulation in Australian tidal marshes, we recommend their inclusion 
within this policy framework. This study demonstrates the value of tidal marshes as blue 
carbon sinks in Australia and the potential for further development of carbon offset 
schemes to restore the carbon sequestration capacity and other ecosystem services provided 
by these unique ecosystems. 
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Seagrass ecosystems have some of the highest rates of carbon burial on the planet, and have 
been highlighted as potentially ideal ecosystems for natural carbon offsetting. 
Quantification of the net carbon balance of seagrasses requires incorporation of their 
associated greenhouse gas emissions. Here, we report the first Australian estimates of 
seagrass associated carbon dioxide (CO2), methane (CH4) and nitrous oxide (N2O) air-
water emissions. Using high resolution sampling over both temporal and spatial scales we 













ranging from -480 ± 15.96 to -16.2 ± 8.32 mg CO2-equivalents m-2 d-1. In addition we 
highlight large diel and spatial variability in seagrass greenhouse gas fluxes, while 
discussing the observed links between greenhouse cycling and dissolved oxygen, salinity, 
light and tide. Through mass balance of a 24 hour incubation and assessment of the carbon 
isotopic values (δ13C) of dissolved CO2, we show that seagrass CO2 dynamics were driven 
by seagrass primary production, and the microbial breakdown of seagrass biomass, 
equating to a net uptake of -493.68 µmol CO2 m-2 d-1. The net release of CH4  (0.44 umol 
m-2 h-1) and net uptake of N2O (-0.06 umol m-2 h-1) essentially cancelled each other out at 
16.12 and -16.13 mg CO2-e m-2 d-1, respectively. The results of this study fill key emission 
accounting gaps both in region, and gas species, and supports the use of temperate 
seagrasses for the offsetting of atmospheric emissions.  
 
 
3.1  Introduction 
 
Atmospheric concentrations of carbon dioxide (CO2), methane (CH4) and nitrous oxide 
(N2O), have increased substantially since pre-industrial periods and are the three largest 
gaseous drivers of human-induced atmospheric warming (Solomon et al., 2007). 
Quantifying the global emissions of these gases is therefore of high priority as we move 
towards strategies for climate change mitigation. In the natural world, photosynthetic 
assimilation and storage of atmospheric CO2 (i.e. biosequestration), and microbial 
breakdown of organic material with the subsequent release of greenhouse gases through 
respiration (i.e. decay), are two of the most fundamental processes influencing the carbon 
cycle. Coastal vegetated ecosystems such as, tidal marshes, mangroves and seagrasses, are 
global carbon heavy weights with biosequestration rates up to 35 times higher than tropical 





them potentially ideal for inclusion into future carbon offsetting framework (Mcleod et al., 
2011). 
 
Despite covering only 0.1 – 0.2 % of the ocean’s surface, seagrass ecosystems are 
responsible for an estimated 10 – 18 % of total oceanic C burial (Duarte et al., 2005; Mcleod 
et al., 2011). Seagrasses are amongst the most highly productive coastal ecosystems, with 
average net primary production equating to ~ 817 g carbon (C) m-2 yr-1 (Duarte and Cebrián, 
1996; Mateo et al., 2006; Fourqurean et al., 2012), and have been shown to sequester carbon 
into their anoxic sediments for millennia (Macreadie et al., 2015). Seagrasses are therefore 
widely accepted as promising ecosystems for natural carbon offset management strategies 
(Macreadie et al., 2014b). However, a variety of human activities that induced degradation 
of seagrasses, such as the conversion of land for aquaculture, boat moorings and 
eutrophication from agricultural run-off can increase seagrass associated microbial 
production through the perturbation (and oxidation) of sediments leading to decreased 
sedimentary carbon and increased GHG release (Short and Wyllie-Echeverria, 1996; 
Waycott et al., 2009; Pendleton et al., 2012; Macreadie et al., 2015).  
 
In order to establish seagrasses’ net carbon uptake and the effects of human-induced 
change on seagrass ecosystem potential for climate change mitigation, it is crucial to 
accurately incorporate their baseline atmospheric GHG exchange. Development of benthic 
chamber methodology has facilitated estimates of seagrass associated CO2 and CH4 flux 
rates between sediments and the water column (Maher and Eyre, 2010; Barrón et al., 2014; 
Macreadie et al., 2014b). However, the proportion of dissolved-GHGs produced within 
seagrass sediments that is ultimately emitted to the atmosphere is often unclear. For 
instance, aerobic microbially respired CO2 can be recycled within photosynthetic cycles of 




the seagrass meadows, and anaerobically respired CH4 is subject to methanotrophic 
oxidation in the water column. In addition, air-water GHG flux is a product of specific gas 
solubility in seawater (subject to temperature and salinity), air-water concentration 
gradients and a gas exchange coefficients (Raymond and Cole, 2001; Middelburg et al., 
2002; Borges et al., 2004). As such, estimates of seagrass ecosystem atmospheric GHG 
emissions based solely on benthic chamber methodology are subject to high variability and 
may not truly capture seagrass associated atmospheric emissions. Due in part to these 
reasons, there is currently a lack of data on the GHG released from seagrass ecosystems, 
with previous literature largely constrained by region / species and predominantly focusing 
on CO2 flux, with fewer still quantifying CH4 flux (Tokoro et al., 2014; Garcias-Bonet and 
Duarte, 2017; Banerjee et al., 2018). And to our knowledge, there are no estimates of 
atmospheric N2O emissions emanating from seagrass ecosystems.  
 
The application of in situ automated cavity ring-down spectroscopy (CRDS) has 
been shown as an effective method for the quantification of air-water gas flux in estuarine 
and mangrove systems (Maher et al., 2013a, 2015; Reading et al., 2017). Seagrass meadows 
often span large areas and experience regionalised variation in environmental conditions 
that affect GHG dynamics, such as, salinity (Bouillon et al., 2007a; Touchette, 2007), 
nutrient inputs (Smith et al., 1999; Duarte, 2002), water turbulence (Raymond and Cole, 
2001) and anthropogenic disturbance (Macreadie et al., 2015). In addition, fluctuations in 
both light availability (and therefore photosynthesis) (Maher et al., 2013a; Saderne et al., 
2013), and tidal pumping of ground waters enriched in GHG solutes, dissolved organic 
matter, and nutrients, can influence seagrasses’ net autotrophic / heterotrophic balance over 
diel and tidal cycles (Santos et al., 2008; Bauer and Bianchi, 2011; Gleeson et al., 2013). 





an effective way to incorporate temporal variation in emissions, however they do not 
account for spatial changes in environmental conditions (Gazeau et al., 2005; Call et al., 
2015; Maher et al., 2015). Alternatively, and commonly used, are continuous or discreet 
sampled spatial surveys that inherently incorporate spatial GHG variance due to changes 
in sediment characteristics and seagrass cover etc., though do not integrate day-night 
fluctuations. Individually these methods may not adequately constrain GHG variability, 
potentially resulting in inaccurate emission estimates (Gazeau et al., 2005; Call et al., 2015; 
Maher et al., 2015).  
 
Here, we quantify diffusive greenhouse gas emissions from a temperate seagrass ecosystem 
with the aim to increase our understanding of seagrasses’ role in global carbon dynamics 
and climate change mitigation. To achieve this aim we quantified CO2, CH4 and N2O 
concentrations and diffusive fluxes in a temperate seagrass-dominated estuarine 
embayment in south-east Australia. We used a combination of fixed time-series 
measurements over a 44 hour period, and a continuous spatial survey throughout the 
embayment to assess temporal and spatial variability in greenhouse gas fluxes and 
concentrations (Figure 3.1). Furthermore, we measured salinity, temperature, wind speed, 
tidal depth, dissolved oxygen and isotopic (δ13C) signatures of CO2-C in order to determine 
the major drivers of seagrass emissions.  We hypothesised that water column 
concentrations of CO2, CH4 and N2O would vary markedly over both diel cycles and 
between alternate areas of the seagrass meadows, subsequently resulting in large 
differences in estimated atmospheric flux between the two sampling methodologies. This 
study presents the first estimates of seagrass associated CO2 and CH4 atmospheric flux in 
Australia, and to our knowledge the first estimates of seagrass associated atmospheric N2O 
flux globally, while also evaluating the major environmental drivers of these emissions, 




and the cumulative function of temperate seagrasses as a source or sink of greenhouse 
gases. 
3.2  Materials and methods 
 
To quantify the spatial and short-term temporal variability in GHG fluxes from seagrasses 
we employed a combination of survey and time series techniques. A time series was 
conducted for ~44 hours within a seagrass meadow in Swan Bay, Victoria, Australia (-
38.2701, 144.6349), and a continuous survey was undertaken around Swan Bay (Figure 
3.1). The experiments were undertaken over a four day period from  the 4th to 7th of 
December during the Austral summer. Swan Bay is located within Port Phillip Bay, has an 
area of  ~ 26 km2, and has extensive seagrass beds comprised of Zostera muelleri and 
Heterozostera tasmanica species, which cover ~80% of the bay (Figure 3.1). Swan Bay 
experiences a mean annual rainfall of 457 mm, with a mean maximum and mean minimum 
temperature of 20.4 and 9.4°C, respectively. 
 
During the time series measurements, water temperature, depth, DO, pH and 
salinity were measured using a calibrated water quality sonde (Eureka Manta II) deployed 
within the seagrass meadow. Using a bilge pump, water was pumped from the location of 
the water quality sonde to an air-water equilibrator on the shore. The headspace from the 
equilibrator was pumped in a closed loop to two cavity ring down spectrometers (Picarro 
G2201-i and Picarro G2308) after passing through a desiccant (Drierite) to measure the 
partial pressure of CO2 (± 200 ppb), CH4 (± 80 ppb), N2O (± 10 ppb) and δ13C-CO2  as 
described by Maher et al. (2013a). A 5 min rolling average was applied to the data, and to 
account for  equilibration times of the various gases data was shifted by 10 minutes for CO2 
and N2O, and 30 minutes for CH4 (Webb et al., 2016). The same instrument setup was 




deployed for the surveys. The instruments were installed on a small (4 m) shallow draft 
aluminium boat. The pump and water quality sonde were fixed at a depth of ~ 30 cm of the 
sediments, and a GPS (Garmin Map72) was used to record the track.  
 
The dry molar fractions of each gas were converted to partial pressures using the 
procedures outlined in Pierrot et al. (2009). Briefly, water vapour pressure and the virial 
coefficients of N2O were calculated according to Weiss and Price (1980), and the virial 
coefficients for CO2 were calculated as described by Weiss (1974). Partial pressures were 
converted to concentrations and % saturations using the temperature and salinity dependent 
solubility coefficients for each gas (CH4, Wiesenburg and Guinasso (1979); CO2, Weiss  
(1974); N2O, Weiss and Price (1980)), and atmospheric concentrations of 1.8 ppm, 405 
ppm and 328 ppb for CH4, CO2 and N2O respectively. 
  
Air-sea fluxes of each gas were calculated according to: 
F = kα(Δpgas)                                            (Eq 3.1) 
where k is the gas transfer velocity, α is the solubility coefficient and Δpgas is the difference 
in partial pressure of the gas between the water and atmosphere. As current speeds are slow 
throughout most of Swan Bay, and to give a conservative estimate of air-sea fluxes, we 
used the wind-based gas transfer parametrization of Wanninkhof (2014): 
k = 0.251u2(Sc/660)-0.5                                    (Eq 3.2) 
where u is the windspeed measured at a height of 10m (m s-1) and Sc is the Schmidt number 
of the gas of interest. The Schmidt number was calculated as a function of temperature and 
salinity according to Wanninkhof (2014), assuming a linear dependence upon salinity.  
 




A mass balance of each individual gas was constructed for a 24 hour period of the 
time series which accounted for sources and sinks to determine the production or 
consumption of each gas due to the seagrass ecosystem according to: 
Fseagrass=∫ ;<=> − (@ABC. 9B+9)EFG                          (Eq 3.3) 
where Fseagrass is the flux attributable to the seagrass community (mmol m-2 d-1), Fatm is 
the air water flux (mmol m-2 h-1), Δvol is the change in volume (m3 h-1) calculated per m2 
by the change in depth, and conc is the average concentration of the gas over the time 
interval of interest. 
 
We used the Keeling method to determine the δ13C signature of seagrass associated 
dissolved CO2 source material (Keeling, 1958). Keeling plot methodology is based on the 
conservation of mass mixing model between the background δ13C and source δ13C values, 
where the source δ13C signature  (+ 95% CI) can be determined as the y-intercept of a type 
II ordinary least squares regression (“lmodel2” function within “lmodel2” package, 
permutations = 1000) between 1/concentration of measured CO2 and the measured δ13C-
CO2 (Maher et al., 2017; Pataki et al., 2003). We assumed that the background 
concentration and δ13C-CO2 of atmospheric CO2 did not change during the 44 hour 




To analyse the drivers of greenhouse gas dynamics within seagrass beds of a temperate 
Australian bay, carbon dioxide (CO2), methane (CH4) and nitrous oxide (N2O) percent 
saturation (%sat) levels were separately run through a series of linear models fit with 
generalized least squares (“gls()” function within the “nlme” package) (Pinheiro et al., 




2017). During spatial surveys, data was removed in small sections where the water 
sampling unit was exposed to the air (e.g. due to shallow depth of turbulent water 
conditions). To achieve data normality and meet the assumption of homogeneity of residual 
variance, CH4 was natural log transformed and N2O was square root transformed. To test 
the assumption of model non-collinearity, all pair-wise combinations of environmental 
variables were assessed using linear models (“lm()” function within “nlme” package); pH, 
dissolved oxygen (DO), salinity (PSS), tidal depth (m). Both tidal depth and pH were 
removed from the model due to a relationship with DO of 0.8 and 0.61 Adjusted R-squared, 
respectively. Mild collinearity between salinity and DO was also detected though this 
relationship explained only 11% of the data variation, therefore both covariates were 
incorporated into the model with the use of a variance-inflation test (“vif()” function within 
the “car” package) to later justify their inclusion. Akaike’s information criterion (AIC) 
model selection was used to determine the best model fit. To constrain both salinity and 
DO covariate residual non-normality a power variance function was introduced to the 
model (“varCom()”and “varPower()” function from “nlme” package). Model validation 
was conducted using a plot of residual distribution, residuals over predicted values, and a 
quantile-quantile plot (Q-Q plot, “qqnorm()” function in the “stats()” package). Lastly, to 
obtain an F-statistic an analysis-of-variance (“anova()” function, type II “marginal”, in 
“stats” package) was performed on the resulting model objects.   
 
 






Figure 3. 1: Distribution of seagrass (predominantly Zostera spp.) within temperate Australian 
Swan Bay. Each yellow circle indicates an individual sample across the spatial survey. The blue 
circle with point indicates the location of a 44 hour time-series incubation, which was visually 
confirmed to be the site of a fringing seagrass meadow. The white square in panel (a) indicates the 
extent of panel (b). Figure created with ArcMap (V10.2.2), data from Department of Environment, 
Land, Water & Planning 2017; Department of Economic Development, Jobs, Transport and 
Resources 2018; Department of Environment, Land, Water & Planning 2019.





3.3  Results 
 
Time series incubations 
 
Cumulative mass balance of greenhouse gases over a 44 hour incubation period, 
incorporating changes in dissolved gas concentrations, atmospheric flux and water volume, 
showed a distinct diel pattern in CO2 with net uptake of atmospheric CO2 during the day 
and net release of CO2 to the atmosphere during the night, with a net negative 24 hour flux 
of -20.57 µmol m-2 h-1 (Figure 3.2). CH4 maintained a strong net release to the atmosphere, 
(Figure 3.1) with a 24 hour release rate of 0.44 umol m-2 h-1, while seagrasses were a net 
sink of N2O over 24 hours, at -0.06 umol m-2 h-1 (Figure 3.2).  The estimated δ13C signature 
of the predominant CO2-C source material, established through Keeling plots, was -13.71 







Figure 3. 2: Cumulative integrated mass balance of CO2, CH4, and N2O over a 44 hour 
incubation period. Grey shading indicates night time periods, while red dotted lines indicate 
the 24 hour period used to calculate seagrass daily greenhouse gas production. 
 
Time-series sampling established distinct diel fluctuations in greenhouse gases 
above seagrass beds, with mean CO2 and CH4 % saturation being 32 and 28 % higher during 
the night, while N2O was 11 % higher during the day (Figure 3.3, Table 3.1). In addition, 
day time periods were 83 % higher in tidal depth, 80 % higher in DO, and maintained 66 
% higher wind speeds (Table 3.1). Collinearity between these environmental variables, as 
assessed through linear-models, showed that DO %sat was positively correlated with 
salinity concentrations (P < 0.001, Coef = 37.2, Adjusted R-squared = 0.11), pH levels (P 
< 0.001, Coef = 210.82, Adjusted R-squared = 0.61) and tidal depth (m) (P < 0.001, Coef 
= 0.39, Adjusted R-squared = 0.8). Tidal depth was mildly positively correlated with 
salinity concentrations (P < 0.001, Coef = 41.55, Adjusted R-squared = 0.03).  







Figure 3. 3: Seagrass tidal depth and greenhouse gas concentrations over a 44 hour 
incubation. Grey shading indicates night time periods, while 100 percent atmospheric 








Across the survey area %sat of N2O showed the least variation with a range of 119.36 – 
85.6 %, while CO2 ranged from 96.4 – 20.1 %, and CH4 had the largest variance with a 
range of 428.5 – 87.35 %. CO2 %sat levels were highest at the opening of Swan Bay (Figure 
3.4a), while CH4 %sat was highest in areas only sparsely covered by seagrass toward the 
south-west Swan Bay (Figure 3.4b, Figure 3.1). Across the bay salinity averaged 33.56 ± 
0.07 with a range of 36.04 – 29.8. Akaike’s information criterion (AIC) determined that 
spatial survey CO2, CH4 and N2O percent saturations (%sat) were best modelled with both 
salinity and dissolved oxygen (DO). The variance inflation factor for all survey models was 
low, ranging from 1.004 – 1.006, indicating that the variance around the model was only 
minutely affected by collinearity between salinity and DO. Water column DO %sat was 
inversely related to CO2 %sat (f(1, 298) = 264.81, P < 0.001, Coef = - 0.25) (Figure 3.5a), 
positively related to N2O %sat (f(1, 298) = 17.47, P < 0.001, Coef = 0.001) (Figure 3.5e), and 
did not correlate with CH4 (Figure 3.5c). Salinity was not significantly related to CO2 or 
CH4 %sat, however it was negatively correlated with N2O %sat (f(1,298) = 32.96, P < 0.001, 
Coef = - 0.06) (Figure 3.5f).  
 







Figure 3. 4: Thematic map of the dissolved CO2, CH4 and N2O gas concentrations in the 
surface waters of a temperate Australian seagrass meadow. Panels (a) and (b) show high 








Figure 3. 5: Generalized linear models of greenhouse gas relationships with dissolved 
oxygen and salinity across Swan Bay. Data was sampled through spatial surveys (one 




measurement per minute). Percent saturation is represented by % sat, while PSS represents 




Across both time-series and spatial sampling, CO2 % saturation ranged from 20 – 266, CH4 
ranged from 87 – 712 %, and N2O from 56 – 119 % . The mean % saturation of greenhouse 
gases were markedly different between survey and time series methodology, with CO2 and 
CH4 being 192 % and 112 % higher in time series measurements, respectively, while N2O 
was 22 % higher in spatial surveys (Figure 3.6a). The mean time series CO2 flux was -0.46 
± 0.18 mmol m-2 d-1, 96% higher than that of spatial sampling, at -11.48 ± 0.28 mmol m-2 
d-1 (Figure 3.6b). Time series CH4 flux estimates were also 125% higher than spatial 
surveys, at 10.29 ± 0.17 µmol m-2 d-1 and 4.56 ± 0.19 µmol m-2 d-1, respectively (Figure 
3.6b). While N2O mean flux rates were 772% lower in time series measurements compared 
to those of surveys, at -1.07 ± 0.02 and -0.12 ± 0.02 µmol m-2 d-1, respectively (Figure 
3.6b). Converting these GHG fluxes to CO2-equivalents (CO2-e) using the 20-year 
sustained global warming potentials of Neubauer and Megonigal (2015), equates to an 
average time series and spatial survey CO2-e flux of -16.2 ± 8.32 mg m-2 d-1 and -480.94 ± 








Figure 3. 4: Bar graph displaying the mean ± standard error of greenhouse gas 
concentration and atmospheric flux between two sampling methodologies. TimeS 
represents single point time-series incubations, while Survey represents continuous spatial 
sampling.  




Table 3. 1: Greenhouse gas concentrations, atmospheric flux and associated environmental conditions in a temperate Australian seagrass 
meadow. TimeS represents single point time-series incubations, while Spatial survey represents continuous spatial sampling. Negative flux 
indicates uptake into the water column. 
 TimeS day (6am – 6pm) TimeS night (6pm – 6am) TimeS overall Spatial survey 
 Mean Range Mean Range Mean Range Mean Range 
CO2 flux 
(mmol m-2 d-1 ) -0.66 ± 0.37 14.38 – -21.14 1.06 ± 0.16 12.99 – -18.08 -0.46 ± 0.18 26.52 – -24.31 -11.49 ± 0.28 -0.66 – -20.37 
CO2 (%sat) 121.79 ± 1.52 189.62 – 61.38 160.56 ± 1.46 266.23 – 58.70 140.93 ± 1.17 266.23 – 41.63 48.2 ± 1.04 96.4 – 20.1 
CH4 flux 
(µmol m-2 d-1) 13.26 ± 0.26 22.93 – 0.67 7.95 ± 0.24 44.87 – 0.01 10.29 ± 0.17 44.87 – 0.001 4.56 ± 0.19 22.08 – 0.11 
CH4 (%sat) 312.59 ± 2.3 434.31 – 202.2 401.03 ± 3.05 712.78 – 203.15 357.73 ± 2.12 712.87 – 202.2 173.57 ± 3.13 428.5 – 87.35 
N2O flux 
(µmol m-2 d-1) -1.71 ± 0.03 -0.23 – -2.79 -0.9 ± 0.02 <-0.01 – -2.65 -1.07 ± 0.02 1.24 – -2.8 -0.12 ±0.03 1.88 – -1.56 
N2O (% sat) 84.99 ± 0.5 98.78 – 60.14 76.58 ± 0.24 97.01 – 56.02 81.29 ± 0.25 106.09 – 56.02 99.01 ± 0.28 119.36 – 85.6 
δ13C- CO2 -9.64 ± 0.08 -6.2 – -12.71 -10.85 ± 0.05 -6.09 – -13.41 -10.22 ± 0.04 -4.93 – -13.45 -6.02 ± 0.09 -1 – -10.57 
Wind (m s-1) 4.95 ± 0.08 7.78 – 1.11 2.98 ± 0.05 6.67 – 0 3.86 ± 0.04 7.78 – 0 4.68 ± 0.03 5.56 – 3.61 
DO (%sat) 121.9 ± 2.46 196.3 – 20.8 67.57 ± 1.21 184.5 – 16.9 94.4 ± 1.27 203.5 – 16.9 170.28 ± 2.5 249 – 104.3 
Air temp (°C) 17.09 ± 0.11 20.2 – 9.3 13.72 ± 0.07 18 – 8.7 14.98 ± 0.06 20.20 – 8.70 21.26 ± 0.17 29.86 – 18.42 
Salinity (PSS) 35.55 ± 0.03 36.42 – 33.62 35.92 ± 0.01 36.47 – 34.09 35.7 ± 0.01 36.47 – 33.62 32.56 ± 0.7 36.04 – 29.8 
Tidal depth (m) 0.51 ± 0.01 0.68 – 0.25 0.28 ± 0.00 0.62 – 0.15 0.37 ± 0.00 0.68 – 0.15 - - 






3.4  Discussion 
 
 
Through the capture of particulate organic matter and photosynthetic fixation of dissolved 
carbon dioxide (CO2), seagrass ecosystems play a major role in oceanic carbon storage. 
Recent literature has highlighted seagrasses’ potential in climate change mitigating carbon-
offset strategies, however their net carbon balance inclusive of atmospheric greenhouse gas 
(GHG) emissions is yet to be fully established. Quantification of seagrass atmospheric CO2 
emissions are largely constrained by region / species,  while few data exist for CH4, and 
N2O. Using a combination of spatial survey and time series sampling methodologies across 
a temperate Australian seagrass meadow, we present evidence that seagrasses are net sinks 
of CO2-equivalent gases inclusive of CO2, methane (CH4) and nitrous oxide (N2O), and 
that gas release rates are highly variable over diel cycles. In addition, we highlight the need 
for the incorporation of both spatial and temporal scales when quantifying seagrass 
emissions, and discuss GHG environmental drivers. 
 
Through mass balance of in situ time series sampling, seagrasses were shown to be 
a net sink of GHGs. The seagrass associated fluxes of GHGs were estimated at -493.68 
µmol CO2 m-2 d-1, 10.47 µmol CH4 m-2 d-1 and -1.46 µmol N2O m-2 d-1 , which at the 20 
year sustained global warming potential of CO2, equates to a net flux of -21.74 mg CO2-e 
gases m-2 d-1. In addition, we found that the fluxes of CH4 and N2O essentially cancelled 
each other at 16.12 and -16.13 mg CO2-e m-2 d-1, respectively. Previous studies on CO2 
dynamics have shown that through photosynthetic production, and the burial of organic 
carbon into their sediments, seagrasses act as net autotrophic coastal ecosystems (Gattuso 
et al., 1998; Gazeau et al., 2005). However, quantification of seagrass sediment gas flux 
has indicated that a portion of this sequestration may be offset by the release of radiatively 




potent CH4 (Oremland, 1975; Barber and Carlson, 1993; Alongi et al., 2008; Deborde et 
al., 2010; Garcias-Bonet and Duarte, 2017; Bahlmann et al., 2015). Our data suggest that 
although temperate seagrasses are indeed a net source of CH4, these emissions may be 
counterbalanced by the uptake of N2O.  
 
The seagrass associated CO2 metabolism of -493.68 µmol CO2 m-2 d-1 (uptake) 
within this study is two orders of magnitude lower than previous global estimates of 
seagrass net metabolism by Duarte et al. (2010), based on 155 sites at -99.39 ± 22 mmol 
CO2  m-2 d-1, and more recent estimates of an Australian Zostera meadow at -99.9 mmol 
CO2 m-2 d-1 by Maher et al. (2011). While the net ecosystem metabolism (NEM = gross 
primary productivity - ecosystem respiration) of seagrasses varies as a result of a range of 
biotic and abiotic conditions including, faunal assemblage (Spivak et al., 2009; Kristensen 
et al., 2012), temperature (Staehr and Borum, 2011), seagrass species (Duarte et al., 2010) 
and sediment quality (Udy and Dennison, 1997; Terrados et al., 1999), such a large 
difference between previous literature and this study was unexpected. We suggest three 
likely reasons for this relationship: (1) Previous estimates of seagrass metabolism are 
predominantly based on the use of benthic chamber methodology, where changes in the 
concentration of O2 or CO2 is directly linked to sediment-water interface. Whereas this 
study used an in situ open water sampling technique that samples the gas concentrations in 
the water column above seagrasses and as such is inherently homogenized with other gas 
sources such as from tidal pumping. Therefore, increases in water column CO2 due to 
tidally driven inputs of carbon may have offset the reductions in water column CO2 from 
photosynthesis (Linto et al., 2014; Call et al., 2015). This method may therefore be a more 
accurate representation of seagrass associated greenhouse gas emissions from shallow tidal 





contribution of seagrasses to these emissions. (2) The solar irradiance during this sampling 
period was relatively low due to dense cloud cover at 237.35 ± 7.9 Watts m-2, while the 
monthly average during this period, in this region, is roughly double that at 513.89 Watts 
m-2 (Australian Bureau of Meteorology). Variation in light conditions directly affects 
photosynthetic production in seagrass beds, with lower irradiance often resulting in 
photoinhibition and subsequently lower rates of dissolved CO2 uptake (Gacia et al., 2005; 
Touchette, 2007). And (3), a qualitatively large amount of seagrass wrack could be seen 
along the banks of the seagrass meadow (roughly 10 m from submerged sampling station), 
suggesting large concentrations of dead biomass in the water column. As the microbial 
decay of leaf biomass is a major contributor to ecosystem respiration within seagrasses 
(Harrison and Mann, 1975; Blum and Mills, 1991; Mateo and Romero, 1997; Liu et al., 
2019), it is likely that the ecosystem respiration of this area was relatively high. Seagrass 
ecosystems are commonly and intermittently affected by storm and flood events that are 
likely to affect both seagrass removal and wrack mass (Short and Wyllie-Echeverria, 1996; 
Waycott et al., 2009), therefore, affecting their net greenhouse gas pathway.  
 
Bay wide surveys showed large variations in CO2 and CH4 saturation, while N2O 
saturation remained relatively homogenous (Figure 3.4a-c and Table 3.1). Across medium 
to large spatial scales variation in environmental conditions such as, topography, slope / 
depth, species composition and freshwater inputs (both from riverine and groundwater 
origins) can directly affect the production and chemical fate of GHGs in coastal systems 
(Gazeau et al., 2005; Allen et al., 2007; Maher et al., 2015). In accordance with our 
hypothesis, we found that both dissolved CO2 and CH4 were elevated in localised ‘hot 
spots’ throughout the bay, while CO2 and N2O were significantly inversely, and positively, 
correlated with dissolved oxygen, respectively (Figure 3.5a and c). The photosynthetic 




productivity of seagrass meadows is reliant on a range of factors that include light 
availability / shading, nutrient concentrations and substrate suitability. In areas less suitable 
to seagrass establishment, a lack of photosynthetic productivity will lead to lower 
consumption of dissolved CO2 and less oxygenated water. We found here that CO2 
concentrations were highest in the East of the bay which is influenced by mixing with 
oceanic waters (Figure 3.4a).  
 
High concentrations of CH4 in the south-eastern area of the bay (Figure 3.4b) were 
less easily explained, whereby no significant relationship with either oxygen or salinity was 
established, and both wind speed and pH remained relatively homogenous. Previous 
evaluation of coastal system sediment CH4 flux have correlated higher CH4 emissions with 
greater seagrass biomass (Barber and Carlson, 1993; Bahlmann et al., 2015), however in 
contrast to the literature we found the highest CH4 concentrations above sediments with 
low seagrass colonization (Figure 3.4b, Figure 3.1). The observed pattern in CH4 may 
instead be due to a combination of organic matter supply from tidal inundation of the large 
adjacent tidal marsh (Figure 3.1), and relatively anoxic sediments in the absence of seagrass 
O2 production, facilitating a shift toward methanogenic microbial processes (Sansone and 
Martens, 1981; Ollivier et al., 1994).  
  
The concentrations of seagrass associated dissolved GHGs were shown to vary 
markedly over diel cycles. Both CO2 and CH4 % saturation in the water column were found 
to be 32 and 28% higher at night, while N2O was 11% higher during the day (Figure 3.3). 
The greater concentrations of dissolved CO2 during the night are consistent with previous 
literature and our hypotheses, that water column CO2 is largely controlled by 





2013).  In addition, high oxygen concentrations facilitate nitrification in aquatic systems, 
where N2O is produced during the metabolism of ammonium (NH4+) into nitrate (NO3-) 
(Elkins et al., 1978; Nishio et al., 1983). Higher N2O concentrations during the day, in 
combination with the positive relationship between N2O and dissolved oxygen saturation 
(DO %) from spatial surveys, indicates that oxygen dependant aerobic nitrification is the 
predominant N2O production pathway in temperate seagrasses (Johansson et al., 2011; Xia 
et al., 2013), although important to note is that throughout the entire diel cycle N2O was 
rarely above 100% atmospheric saturation (Figure 3.3c). This suggests that similar to 
mangroves (Maher et al., 2016), seagrasses may act as a sink of N2O due to low nutrient 
concentrations and high rates of denitrification (Welsh et al., 2000; Eyre and Ferguson, 
2002; Eyre et al., 2016). Diel oscillations in autotrophic and heterotrophic respiration 
cycles within seagrass sediments may also lead to fluctuations in anaerobic methanogenesis 
and aerobic oxidation of dissolved methane (King et al., 1990; Maher et al., 2013a). 
However, we did not find a significant relationship between DO and CH4 as would be 
expected from respiration cycle driven CH4 production. Alternatively, CH4 concentrations 
may be more tightly linked to fluctuations in tidal height that alter the exchange of sediment 
pore water rich in organic matter, with the water column, a process known as tidal pumping 
(Borges et al., 2003; Bouillon et al., 2007b; Atkins et al., 2013; Maher et al., 2013b; 
Macklin et al., 2014). Qualitative analyses of diel trends from this study show an inverse 
relationship between tidal height and CH4 % saturation (Figure 3.3b), a relationship that 
matches those of previous studies of tidal pumping in mangrove systems (Linto et al., 2014; 
Call et al., 2015), we therefore suggest that tidal processes were the predominant driver of 
seagrass associated CH4.   
 




Large differences in mean atmospheric GHG flux were observed between spatial 
and temporal sampling methodologies, though both methods estimated flux to be of net 
uptake into the water column. In coastal ecosystems, variation of environmental conditions 
such as DO, salinity, temperature, and turbulence, often occur across both spatial and 
temporal scales (Smith et al., 1999; Raymond and Cole, 2001; Duarte, 2002; Bouillon et 
al., 2007a; Touchette, 2007). As photosynthetic production, microbial respiration, and gas 
transfer dynamics are highly linked to these environmental conditions, compartmentalising 
spatial and temporal variation may lead to inaccurate GHG emission estimates (Gazeau et 
al., 2005; Call et al., 2015; Maher et al., 2015). Here, net atmospheric GHG uptake rates 
from bay-wide surveys were ~ 30 times lower than those from the time series experiment, 
at -480 ± 15.96 and -16.2 ± 8.32 mg CO2-e m-2 d-1 respectively, a disparity primarily 
attributed to 96% higher CO2 emissions in incubations (Table 3.1). Variation in GHG flux 
between spatial and temporal sampling methodologies is in accordance with both our 
hypothesis, and previous literature from mangrove and estuarine systems (Ho et al., 2014; 
Maher et al., 2013a, 2015), and further highlights the need for the inclusion of both these 
processes when estimating seagrass atmospheric emissions. Important to note, is that while 
the survey methodology from this study maintained a high sampling frequency (i.e. one 
sample per minute), it was both limited to the outer regions of the bay (Figure 3.1) and did 
not incorporate seasonal variations. Further the survey was carried out during daylight 
hours, amplifying the role of primary production on our estimates. Similarly, time series 
methodology is constrained to a single point in the bay, while diel variation in GHG 
emissions are likely to vary between locations. Therefore, a robust correlative equation for 
day-night GHG variations was outside the scope of this study, though is of high importance 






The carbon isotopic signature (δ13C) of water column dissolved CO2 indicated that 
allochthonous terrestrial carbon was not a major contributor to microbial community 
respiration within Swan Bay. Seagrasses are effective ecosystems for the biosequestration 
of atmospheric carbon, however they are also able to trap and bury allochthonous carbon 
from terrestrial run-off and other coastal ecosystems higher in elevation such as mangroves 
and tidal marsh (Agawin and Duarte, 2002; Duarte et al., 2005; Kennedy et al., 2010; 
Deegan et al., 2012). In addition, a range of periphytic organisms establish themselves on 
seagrass blades and may contribute to sedimentary carbon concentrations (Walker and 
Woelkerling, 1988; Gacia et al., 2002). Understanding the carbon source of microbial 
respiration within seagrasses allows for more targeted management of emissions, for 
example, terrestrial carbon run-off may be reduced through better up-stream effluent 
management or increased fencing along water ways. Here, we find that the predominant 
CO2-C source as established through Keeling plots  (Keeling, 1958; Pataki et al., 2003; 
Maher et al., 2017), was -13.75 δ13C, an isotopic value that closely matches that of Zostera 
spp. and their associated periphyton (-12.2 – -13 δ13C) (Thayer et al., 1978). These results 
suggest that seagrass emission management strategies within Swan Bay should lower the 
prioritisation of terrestrial carbon inputs. 
 
In conclusion, this study provides the first quantitative assessment of seagrass 
atmospheric greenhouse gas emissions in Australia, and the first estimates of atmospheric 
N2O emissions globally. We find that seagrasses are net CO2-e sinks, due to CO2 and N2O 
uptake. We also show that seagrass atmospheric emissions are heavily linked to diel 
fluctuations in light availability and tidal pumping, and that omission of these variables 
when quantifying seagrass emissions is likely to lead to inadequate estimates. Finally, we 
demonstrate large variation in CO2 and CH4 emissions at the habitat scale, highlighting the 




need for the inclusion of spatial parameters when upscaling seagrass emission estimates. 
As seagrasses maintain some of the highest rates of carbon sequestration and storage on 
the planet, they represent ideal locations for climate change mitigation through carbon 
offsetting. However, their overall carbon sink potential is directly linked to their associated 
greenhouse gas emissions; data that is currently constrained by region, species and gas type. 
Taking into account the fluxes of three major greenhouse gases responsible for climate 
change (CO2, CH4 and N2O), this study finds that temperate seagrasses are net carbon sinks, 
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Abstract 
Freshwater ecosystems play a major role in global carbon cycling through the breakdown 
of organic material and release of greenhouse gases (GHGs). Carbon dioxide (CO2) and 
methane (CH4) emissions from lakes, wetlands, reservoirs and small natural ponds, have 
been well studied, however the GHG emissions of highly abundant, small-scale (< 
0.01km2) agricultural dams (small stream and run-off impoundments) is still unknown. 
Here, we measured the diffusive CO2 and CH4 flux of 77 small agricultural dams within 
southeast Australia. The GHG emissions from these waterbodies, which are currently 
unaccounted for in GHG inventories, amounted to 11.12 ± 2.59 g CO2-equivalent m-2 d-1, 












entire state of Victoria, Australia, resulted in a farm dam CO2-equivient d-1 emission rate 
of 4853 tonnes, 3.1 times higher than state-wide reservoir emissions in spite of farm dams 
covering only 0.94 times the comparative area. We also show that CO2 and CH4 emission 
rates were both significantly positively correlated with dissolved nitrate concentrations, and 
significantly higher in livestock rearing farm dams when compared to cropping farm dams. 
The results from this study demonstrate that small agricultural farm dams can be a major 
source of greenhouse gas emissions, thereby justifying their inclusion in global carbon 
budgets. 
 
4.1    Introduction 
 
In order to implement effective mechanisms and policies for the mitigation of climate 
change it’s necessary to accurately quantify global carbon budgets. Freshwater lakes and 
reservoirs cover an estimated 4.2 million km2 (~ 3%) of all terrestrial land, and are thought 
to play a key role in the cycling of carbon between the atmosphere and the earth’s surface 
(Tranvik et al., 2009). Over the past three decades much attention has been directed towards 
the release of atmospheric greenhouse gases (GHGs) from large human built inland 
freshwater bodies, such as reservoirs used for hydroelectricity and water storage (Louis et 
al., 2000; Barros et al., 2011; Deemer et al., 2016). As these systems have high catchment-
to-surface area ratios, and are often within close proximity to agricultural activities, they 
receive greater concentrations of terrestrially derived dissolved nutrients and organic matter 
than natural lakes (Thornton et al., 1990; Downing et al., 2008; Deemer et al., 2016). 
Further, these systems are often deep and poorly mixed, inducing stratification and anoxia 
in the bottom waters, creating conditions ideal for methane producing bacteria  (Abril et 
al., 2005). As a result, freshwater reservoirs are a hotspot for microbial carbon breakdown, 
and subsequent release through respiration of potent GHGs, such as carbon dioxide (CO2), 




methane (CH4) and nitrous oxide (N2O)(Galy-Lacaux et al., 1999; Louis et al., 2000; 
Tranvik et al., 2009; Deemer et al., 2016). 
 
Freshwater reservoirs are believed to contribute 0.8 Pg of carbon dioxide equivalent 
(CO2-e) to the atmosphere each year (approximately 7% of all anthropogenic emissions), 
with ~90% of these CO2-e emissions driven by the release of CH4 (Louis et al., 2000; 
Deemer et al., 2016). Very small ponds (<0.001 km2), which comprise 8.6% of global lake 
and pond area, contribute 15.1% of CO2 and 40.6% of CH4 diffusive emissions, suggesting 
these small systems play a disproportionately large role in the global GHG cycle 
(Holgerson, 2015; Holgerson and Raymond, 2016). Due to shallow water depth and 
therefore a high surface area:volume ratio, small freshwater systems are heavily influenced 
by microbial respiration at the sediment surface (Kortelainen et al., 2006), leading to larger 
dissolved CO2 concentrations in the water column (Kortelainen et al., 2006; Kankaala et 
al., 2013),  and anaerobic conditions ideal for methanogenic production of CH4 (Bastviken 
et al., 2004; Juutinen et al., 2009; Holgerson, 2015). In addition, shallow water depths 
decrease the amount of time available for methanotrophs in the water column to oxidise 
CH4 into CO2 prior to ebullition (Bastviken et al., 2004). Though these processes have been 
studied in natural pond systems (Raymond et al., 2013; Holgerson, 2015; Holgerson and 
Raymond, 2016), quantification of GHG emissions from very small human-built 
freshwater systems, such as small agricultural dams, has yet to be quantified.  
 
            The expansion of global farming practices has been accompanied by the 
construction of many small agricultural dams (also referred to as impoundments). However 
due to their small size and wide distribution, it is only recently that we have been able to 




photography, satellite imagery and modelling (Lowe et al., 2005; Downing et al., 2006). 
These small water bodies are estimated to cover 77,000 km2 of the lands surface or 0.1 - 6 
% of farmland worldwide (Downing et al., 2006). And as microbial respiration and 
subsequent production of GHGs is facilitated by an increased availability of dissolved 
nutrients and organic carbon (Del Giorgio and Cole, 1998), it is likely that farm dam 
systems, which are heavily influenced by localised agricultural land use (e.g. crop 
fertilisation and livestock effluents) (Blanchard and Lerch, 2000; Ferrier et al., 2001; 
Brainwood et al., 2004), maintain relatively high emission rates. However, the magnitude 
of atmospheric GHG emissions from farm dam systems is still yet to be measured, and as 
such, is a potentially significant gap in current carbon budgets. 
 
   Here, we quantify diffusive greenhouse gas emissions from agricultural farm dams 
with the aim to increase our understanding of their role in global carbon cycling. A total of 
77 farm dams across southeast Australia were sampled for diffusive CO2 and CH4 
emissions, along with dissolved nitrate and phosphate concentrations, water temperature, 
salinity, sediment carbon and surface area. We hypothesise that changes in CO2 and CH4 
would largely reflect local farming practices, as such dams were grouped into their 
corresponding land use type; cropping farms and livestock farms.  We present evidence 
that small agricultural dams contribute disproportionally large amounts of greenhouse 
gases to the atmosphere when compared to larger reservoir systems, and that these 
emissions are coupled to nutrient concentrations, salinity, temperature and local 
agricultural land use, and we recommend their inclusion into global greenhouse gas 
budgets.




4.2 Materials and methods 
 
4.2.1 Study Sites 
 
The Corangamite catchment is located within Victoria, South-East Australia, with 13 
Ramsar-listed wetlands. Around 78% of all land is privately owned and predominantly used 
in agriculture. The largely volcanic soils support an agricultural industry split of 75% 
livestock grazing and 20% crop production, including some timber industries (CRCS, 
2013). All sampling occurred during daylight hours between the 16th - 25th January 2017. 
A total of 77 farm dams were sampled once during this 10 day period (Figure 4.1), with a 
mean size of 1020 ± 106 m2. Collections of dams situated on a single agricultural property 
were grouped into a ‘random’ factor location, allowing for the statistical inclusion of 
between location dissimilarities. Consultation with landholders allowed the exclusion of 
any dam that seasonally dried, or had been dry at any time in the last 3-5 years, the 
remaining dams were sampled haphazardly within each location. The dominant crops were 








Figure 4. 1: Farm dam distribution and catchment boundaries in Victoria, SE Australia.  
Human -built agricultural water bodies are shown in blue. Agricultural water bodies under 
0.01 km2 (or 1 ha) numbered 375,016 with a total surface area of 436.29 km2. Black squares 




indicate locations of farm dams sampled in this study. Figure created with ArcMap 
(V10.2.2), farm dam boundary data from (Department of Environment, Land, Water and 
Planning, 2015). 
 
4.2.2 Gas flux materials and methods 
 
Floating chambers (0.03 m3 volume, 0.12 m2 surface area) were made from plastic 
rectangular tubs, painted silver to reduce solar radiative heating of chamber air. Two plastic 
tubes (influx and efflux) were connected to the chamber roof 20 cm apart, creating a closed 
circuit with a cavity enhanced laser absorption based Ultraportable Greenhouse Gas 
Analyzer (UGGA, Los Gatos Research - Model 915-0011). Measurements of carbon 
dioxide and methane parts per million (ppm) were taken at 5 second intervals over a 5 
minute contact period (60 individual measurements per sample). Initial gas concentrations 
in the chamber were confirmed to match those of atmospheric levels prior to sampling. The 
linear rate of change in chamber gas concentration (ppm s-1) was then used in the following 
equation (Lambert and Fréchette, 2005): 
 
F = [s(V/RTA)]t                                                  (Eq 4.1) 
 
where F represents diffusive gas flux from the water surface to the atmosphere (mmol m-2 
d-1), s represents the slope of change in chamber gas concentrations over time (ppm s-1), V 
is the chamber volume (m3), R is the universal gas constant (8.2 x 10-5 m3 atm K-1 mol-1), 
T is the temperature in the chamber (K), A is the surface area of the chamber (m2) and t is 
the conversion from seconds to day and µmol to mmol. Temperature and ambient pressure 
were automatically measured by the UGGA.    




Floating chambers can incorporate gas flux from both diffusive water-air exchange 
and ebullition events. However, here we focus exclusively on diffusive flux, and as such, 
in order to ensure overall estimations of F were not influenced by intermittent ebullition 
we rejected samples that displayed a linear regression with r2 < 0.70 (Repo et al., 2007a).  
This resulted in variation in sample sizes between models of CO2 and CH4, reported from 
here on prior to the statistical output of each model as n (nS = stock, nC = crop).  
 
The floating chamber method for measuring diffusive gas flux at the water-air 
boundary is inexpensive, highly portable and has been commonly used over the past three 
decades (Frankignoulle and Distèche, 1984; Frankignoulle, 1988). A series of recent 
articles have debated the accuracy and precision of the floating chamber method when 
estimating gas transfer velocity, reporting that diffusive emissions are either higher than 
(Eugster et al., 2003; Kremer et al., 2003; Matthews et al., 2003; Vachon et al., 2010), or 
are in-line with (Guérin et al., 2007; Repo et al., 2007a; Soumis et al., 2008; Rosentreter et 
al., 2017), empirical models of diffusive emissions that incorporate the partial pressure of 
gas both within the water column and the atmosphere. Overestimations of gas transfer 
velocities using floating chambers have been attributed to both movement induced 
disturbance of the surface boundary layer (Matthews et al., 2003), and the creation of near-
surface water turbulence  (MacIntyre, 1995; Vachon et al., 2010). In this study, chambers 
were gradually inserted into surface waters to a depth of 2 cm at an angle in order to reduce 
disturbance of the surface boundary layer (Matthews et al., 2003), while also being held in 
place for the length of the sampling period to reduce increases in water turbulence 
(MacIntyre, 1995; Vachon et al., 2010). In order to confirm that gas transfer velocities 
within this paper were not over estimated, floating chambers were re-deployed, and water 




column gas partial pressures were sampled (using the discrete bottle methodology 
described by (Gatland et al., 2014), over a consecutive day-night cycle (6am, 12pm, 6pm, 
12am) at six farm dams situated in the same locations as the dams in the study. Using local 
wind speed data, and three alternate gas exchange empirical models commonly applied to 
lakes (Wanninkhof, 1992a; Del Giorgio and Cole, 1998; Crusius and Wanninkhof, 2003a), 
floating chamber based estimates of gas transfer velocities within this study were confirmed 
to be within the range of empirical models, giving us confidence in the methodology 




Figure 4. 2: Farm dam gas transfer velocities (k600) estimated using the floating chamber 
methodology within this study, and three common gas transfer empirical models from 
Wanninkhof (1992), Cole and Caraco (1998) and Crusius and Wanninkhof (2003). 
 
 
Previous literature by Holgerson and Raymond (2016), modelled CO2 and CH4 
emissions from small natural ponds in the northern hemisphere, finding a negative 
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relationship between atmospheric emissions per m2 and dam surface area. Though this 
relationship was not shown in our data, we obtain a highly conservative estimate of state-
wide farm dam emissions using the Holgerson and Raymond (2016) values for emission-





× *( × +(																																															(Eq	4.2) 
 
where E is the mean CO2-e emissions from small agricultural dams per day (< 0.01 km2), 
& represents the combined CO2 and CH4 emissions reported in this study (treated as size 
class < 0.001 km2, expressed as CO2-e m-2 d-1), *( represents a correction value calculated 
from the variation in emissions between small natural freshwater ponds of size classes 
<0.001 km2 and 0.001 – 0.01 km2 as reported in Holgerson and Raymond (2016), and +( 
represents the total state-wide surface area of farm dams within size classes <0.001 km2 
and 0.001 – 0.01 km2, obtained from geographical information systems (GIS) data 
(Department of Environment, Land, Water and Planning, 2015). The farm dam GIS data 
used here is a combination of high resolution aerial photography and satellite imagery 
(pixels < 2.5 m) (Lowe et al., 2005), and at the smallest scales was distributed in abundance 
as follows; 3319 dams in 100-75m2, 2260 dams in 75-50m2, 1015 dams in 50-25m2, and 
170 dams < 25m2. Non-adjusted annual state-wide reservoir flux (ton CO2-e yr-1) was 
calculated by applying the temperate reservoir CO2 and CH4 literature values in Table 4.1, 
to the total Victorian reservoir area obtained through GIS (482.5 km2, Digital Globe and 
Google Earth, Appendix B, Table B.1). All CO2-equivalent values presented in this study 
were calculated using the global warming potentials (GWPs) of CH4 at the 20 year (1g CH4 




= 87g CO2), and 100 year (1g CH4 = 32g CO2) time-scales from Neubauer and Megonigal 
(2015).  
 
4.2.3 Water quality 
 
Water temperature (°C) and salinity parts per thousand (ppt) were measured using a Hach 
HQ30D portable Multi Meter. Nitrate (0.01 – 20 mg L-1 N) and Phosphate concentrations 
(0.01 – 4 mg L-1 PO4) were measured spectrophotometrically on site using a Palintest 
Photometer 7500 (accuracy ± 1% transmittance).  
 
4.2.4 Sediment Carbon 
 
Farm dam sediment carbon concentrations (submerged sediments, 5 cm sediment depth) 
were taken approximately one metre from the water’s edge by means of percussion and 
rotation of PVC pipes (5 cm diameter) with sharpened edges to minimise compacting 
through fibrous materials. Cores were sealed at both ends and transported to the laboratory 
for storage at 4°C until processing.  To determine dry bulk density samples of a known 
volume were dried at 60°C for 3 days prior to weighing. Samples were completely 
homogenised and later ground into powder using a Resk motorised mortar and pestle. Soil 
cores were not taken among vegetation patches, however any belowground live biomass 
within the core was included in soil organic carbon analysis. The ‘Champagne test’ was 
used to determine inorganic carbon presence in the samples (Schlacher and Connolly, 
2014), whereby samples are washed with hydrochloric, sulphuric or phosphoric acid, under 
the assumption that the acids will dissolve inorganic carbonates but do not otherwise 
chemically transform or result in loss of organic matter.  One sample contained sufficient 
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inorganic carbon to cause bubbling and was classified as calcareous. To analyse sediment 
carbon, diffuse reflectance Fourier-transform Mid-infrared (MIR) spectra were obtained 
using a Thermo Nicolet 6700 FTIR spectrometer equipped with a Pike AutoDiff automated 
diffuse reflectance accessory across a spectral range of 8700-400cm-1 at 8cm-1, as per the 
protocols of Baldock et al. (2014). Gravimetric organic carbon contents were predicted 
from the MIR spectra by applying the Carnell et al. (2018) prediction algorithms developed 
using partial least squares regression (PLSR) (Baldock et al., 2014). The Carnell et al. 
(2018) data is the largest Australian inland wetland sediment carbon database. The 
applicability of the Carnell et al. (2018)prediction algorithms was assessed by projecting 
the spectra acquired in this study onto the Carnell et al. (2018) algorithms.  All samples 
from this study fell within the multidimensional space defined by the 286 samples used 
Carnell et al. (2018), with an InlierR(atio) and OutlieR(atio) < 1 (Baldock et al., 2014). 
Separate prediction algorithms were used to predict the organic carbon content in the non-
calcareous and calcareous samples. 
 
4.2.5  Data Analyses 
 
To analyse greenhouse gas emissions from small agricultural water bodies the observed 
carbon dioxide (CO2) and methane (CH4) flux rates were separately run through a series of 
linear mixed-effects models. with ‘land use’ as a fixed factor (crop and stock) and clusters 
of dams within a single property as random factor ‘location’ (LME’s) (“lme()” function, 
within “nlme” package) (Pinheiro et al., 2014). To achieve homogeneity of gas flux 
variance between categorical land-use variables (stock and crop) methane flux rates 
underwent a natural log transformation, and carbon dioxide flux rates underwent a square 
root transformation prior to statistical analyses. As eight dams exhibited a negative CO2 




flux (net uptake from the atmosphere), a constant was added to all CO2 data to allow for 
transformation in accordance with the following equation (McDonald, 2009); 
 
3	 = 4 −min(9)																																															(Eq	4.3)	 
 
where 3 represents the positive constant value added to the data prior to transformation, 4 
represents a chosen value usually between zero and one (here we set 4 to 0.1), and min(9) 
represents the lowest value in the given dataset. This equation allows for minimal alteration 
to the data, while achieving transformation of the negative values. We then confirmed gas 
flux data normality, and homogeneity of variance between the levels of both fixed factor 
land use and random factor location, using visual analyses of diagnostic plots and Levene’s 
tests (“leveneTest()” function, within “car” package) (Fox, 2015). To confirm a non-
collinear assumption, a series of linear models (“lm()” function, within “stats” package) 
(Wilkinson and Rogers, 1973) were performed on all pair-wise combinations of covariates; 
temperature (°C), salinity (ppt), soil organic carbon (OC g cm3), and water body surface 
area (m2). The only correlation detected was between salinity and soil organic carbon (P = 
0.042, Adjusted R2 = 0.07), however as this relationship was weakly significant and 
explained only 7% of data variation both covariates were included in further linear mixed-
effects analyses. Akaike’s information criterion (AIC) model selection (Akaike, 2011) was 
used to obtain best models. The resulting models were validated by assessing plots of the 
residuals over the predicted values, distribution of residuals, and a quantile-quantile plot 
(Q-Q plot, “qqnorm()”, “stats” package). Finally, an analysis-of-variance (“anova()” 
function, within “stats” package, type = I, “sequential”) was performed on each of the 
resulting LME models (Pinheiro, J et al., 2015). The “anova()” function (F-statistic) was 
used instead of the “summary()” function, as P-values calculated from t-statistics are less 
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adequate when analysing LMEs with categorical variables (fixed factor; land use) (Zuur et 
al., 2009).  
4.3 Results 
 
Akaike’s information criterion (AIC) model selection (Akaike 2011) resulted in the best-
fitting models as follows; CO2 × land use + salinity, and CH4 × land use + salinity + 
temperature (Table B.2). Across all farm dams, the mean CO2 flux from the water column 
to the atmosphere was 24.4 ± 3.56 mmol m-2 d-1, with emissions being on average 38% 
greater in cropped farms (30.24 ± 5.21 mmol m-2 d-1) than those of livestock farms (18.56 
± 4.7 mmol m-2 d-1) (nC = 32 & nS = 32, f(1, 55) = 4.466, P = 0.039, Figure 4.3). CO2 flux 
was also significantly positively correlated with salinity (n = 64, f(1, 55) = 9.33 P = 0.004, 
Figure 4.4b). Methane (CH4) diffusive flux was on average 2.5 times greater in livestock 
farm dams (10 ± 2.83 mmol m-2 d-1) than those of cropped farm dams (3.99 ± 1.73 mmol 
m-2 d-1) (nC = 28 & nS = 32,  f(1, 51) = 4.419, P = 0.041, Figure 4.3), with an overall mean 
flux of 7.2 ± 1.74  mmol m-2 d-1. In addition, CH4 flux was significantly positively 
correlated with water temperature (°C) (n = 60, f(1, 51) = 7.398, P = 0.009, Figure 4.4d), 













Table 4. 1: CO2 and CH4 emissions from inland freshwater ecosystems. Carbon dioxide 
equivalents was calculated using the 20 year global warming potential of CH4 from 
Neubauer and Megonigal (2015). Flux type D represents diffusive emissions only, D + E 
represents values derived from the sum of both diffusive and ebullitive emissions.   
Ecosystem Type 
CO2 
(mmol m-2 d-1) 
CH4 
(mmol m-2 d-1) 
CO2-e 
(g CO2 m-2 d-1) 
Flux 
Type References 
 Natural    
Lakes 15.9 – 17.91 0.56 – 3.33 1.48 – 5.54 D + E 
St Louis et al. 
(2000); Deemer 
et al. (2016). 
Wetlands - 1.29 – 5.25 1.8 – 7.33 D + E 
Stanley et al. 
(2006); Deemer 
et al. (2016). 
Ponds  
(< 0.001 km2) 
35.18 ± 5.21 2.28 ± 0.51 4.73 ± 0.94 D Holgerson & 
Raymond (2016). 
 Human-built    
Tropical reservoirs 68.17 6.23 11.7 D + E St Louis et al. (2000). 
Temperate 
reservoirs 34.08 1.25 3.24 D + E




24.4 ± 3.56 7.2 ± 1.74 11.12 ± 2.59 D This study. 
Note: Values presented are means, and were sourced, and converted to mmol m-2 d-1, from the 
studies listed in the final column and the references therein (specifically, see Deemer et al. (2016) 
Table 1, and St Louis et al. (2000) Table 2). – indicates the range of sourced mean values. The CO2 
values reported for temperate farm dams are the mean ± standard error of data acquired within this 









Figure 4. 3: Comparison of greenhouse gas fluxes between farm dams of south-eastern 
Australia. Emissions are presented as mean ± standard error of the non-transformed data. * 
indicates significance between land use groups. Carbon dioxide equivalents (CO2-e) were 
calculated using the 20 year global warming potential of CH4 from Neubauer and 
Megonigal (2015) and expressed as grams of CO2. Hatched and dotted sections indicate 
the contribution of CO2 and CH4, respectively, to the total CO2-e emissions. Crop and Stock 
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Figure 4. 4: Linear mixed-effects models showing the relationship between diffusive 
greenhouse gas emissions from farm dams and environmental conditions. Farm location 
was treated as a random factor to account for between-farm dissimilarity. Data points 
represent the transformed data (CO2; square root, CH4; natural log) inclusive of farm dams 
with net uptake of GHG (see section 4.2.2; Eq 4.3). Solid lines indicate the predicted model 





Neither CO2 or CH4 fluxes showed a relationship with dissolved phosphate 
concentrations (P > 0.1), however dissolved nitrate concentrations were significantly 
positively correlated with both gases (n = 43, f(1, 36) = 9.796, P = 0.004, Figure 4.4a) and (n 
= 41, f(1, 34) = 6.151, P = 0.019, Figure 4.4c), respectively. A total of eight dams exhibited 
negative CO2 fluxes, averaging -14.68 ± 2.2 mmol m-2 d-1 (net uptake of atmospheric CO2). 
Net autotrophic dams were 53% lower in dissolved nitrate concentrations (range 0.11 – 
3.68, mean 1.82 ± 0.49 mg L-1 N) and had 74% greater salinity levels (range 0.12 - 5.29, 
mean 1.79 ± 0.73 ppt), compared to those with net positive CO2 release (range 0.6 – 10.6, 
mean 3.91 ± 0.44, and range 0.9 – 2.63, mean 0.46 ± 0.11, respectively).  Interpolation of 
linear models indicated that a 25% reduction in dissolved nitrates from the highest 
concentrations found in this study (10.7 mg L-1 N), correlates with a 21.9 ± 8.8 % reduction 
in CO2 diffusive emissions, and a 59.7 ± 10.1 % reduction in CH4 diffusive emissions, 
estimated at  4.1 g CO2-e m-2 d-1 (Figure 4.5). The state-wide surface area of farm dams 
(<0.01 km2) and large reservoirs was near equal, though farm dams emitted 75% of the 
total emissions of both groups (Figure 4.6).  
 






Figure 4. 5: Relationship between carbon dioxide equivalent emissions (CO2-e) and 
dissolved nitrate concentrations in farm dams of south-eastern Australia. Values are back-
transformed predictions of CO2 and CH4 in linear mixed-effects models, CO2-e conversions 




































Figure 4. 6: Comparisons of both total surface area, and carbon dioxide equivalent 
emissions (CO2-e), between large human built reservoirs and small farm dams in 
Australia’s southeast. Emissions estimated using the 20 year GWP of CH4 from Neubauer 
and Megonigal (2015), and direct upscaled estimates of CO2 and CH4 flux from this study.  
 
The average dissolved nitrate and phosphate concentrations were 3.65 ± 0.37 mg L-
1 N and 0.24 ± 0.05 mg L-1 PO4  (overall mean ± standard error), respectively, and showed 
no significant difference between land use type (Table 4.2). Likewise, farm dam surface 
area (1020 ± 106 m2), temperature (23 ± 0.4 °C), salinity (0.55 ± 0.1 ppt), and sedimentary 
organic carbon (0.03 ± 0.01 g cm3), did not significantly differ between land use type (Table 
4.2).  
 




Table 4. 2: Comparisons of the environmental conditions within farm dams of different 
land use type. Values expressed as mean ± standard error of the untransformed data. P-
values are derived from ANOVAs performed on linear mixed effects models, with farm 






(LME) Crop Stock 
Nitrates (mg L-1 N) 3.81 ± 0.73 3.55 ± 0.4 0.11 – 10.6 0.907 
Phosphates (mg L-1 
PO4) 
0.33 ± 0.08 0.13 ± 0.02 0.02 – 1.51 0.492 
Organic carbon  
(g cm3) 
0.04 ± 0.01 0.02 ± < 0.00 < 0.00 – 0.37 0.453 




Salinity (ppt) 0.53 ± 0.17 0.57 ± 0.15 0.07 – 5.29 0.423 
Temperature  
(water, °C) 
23.2 ± 0.6 22.9 ± 0.6 15.5 – 31.5 0.728 





Through sedimentary organic carbon sequestration and microbial production of greenhouse 
gases (GHGs), freshwater ecosystems play a major role in the cycling of carbon between 
terrestrial and atmospheric carbon pools. The magnitude and drivers of carbon dioxide 
(CO2) and methane (CH4) emissions from lakes (Bastviken et al., 2004; Huttunen et al., 
2003a; Juutinen et al., 2009; Tranvik et al., 2009), wetlands (Richey et al., 2002; Tranvik 
et al., 2009; Zhuang et al., 2009; Mitsch et al., 2013), and reservoirs (Galy-Lacaux et al., 
1999; Louis et al., 2000; Deemer et al., 2016) have been well studied, while small natural 
ponds have only recently received attention (Holgerson and Raymond, 2016) and little is 
known regarding the GHG emissions of highly abundant, small-scale, agricultural dams. 
Using a temperate farm dam case study within the southern Australian state of Victoria, we 
demonstrate that the total release of GHGs (CO2-e) from agricultural farm dams is 
estimated at ~3 times that of large reservoirs. In addition, we show that farm dam CO2 and 
CH4 emission rates are heavily related to dissolved nitrates, localised agricultural land use, 
water temperature, and to a lesser extent salinity.   
 
Human-built reservoirs have some of the highest rates of GHG emissions among 
all freshwater ecosystems (Louis et al. 2000; Tranvik et al. 2009; Deemer et al. 2016). 
Evidence from this study suggests that small-scale agricultural dams maintain CO2-e m-2 
d-1 emission rates up to ~ 3.5 times higher than those of large reservoirs from similar 
temperate regions. Upscaling these emissions to the total surface area of small farm dams 
(i.e. dams with an area < 0.01 km2) within the state of Victoria, Australia, resulted in an 
estimated emission rate of 4853 and 2081 tonne CO2-e d-1, over a 20 and 100 year period, 




respectively (Neubauer and Megonigal 2015). These upscaled values represent 4.5% of all 
agricultural emissions in Victoria during 2016 reported from the State and Territory 
Greenhouse Gas Inventories (State and Territory Greenhouse Gas Inventories, 2016). 
Unlike previous literature from small natural ponds (Holgerson and Raymond 2016), farm 
dams in this study did not exhibit a negative relationship between GHG flux and surface 
area. However, a conservative estimate of state-wide emissions, that included a function of 
this previously established depreciative relationship, was calculated for dams with a surface 
area of 0.01 - 0.001 km2 (i.e. a size range not directly sampled in this study) and resulted 
in an emission rate of approximately 2464 and 1118 tonne CO2-e d-1 over a 20 and 100 year 
period respectively (Eq 4.2). Therefore, at a highly conservative estimate, farm dams are 
emitting ~1.6 times the mass of CO2-e GHG than temperate reservoirs, with this ratio 
increasing to 3.1 when upscaled using the emission rate from this study alone. Important to 
note, is that the contribution of farm dam emissions to state-wide flux presented here likely 
represents a lower-bound estimate for two reasons; (1) night time flux data was not 
obtained, and it is during this time that photosynthetic uptake of CO2 ceases, and therefore 
respiration dominates, leading to higher CO2 partial pressures and atmospheric flux 
(Anderson et al., 1999; Aubinet, 2008), and (2) our estimates exclude ebullition, which can 
account for a large portion of CH4 flux (Louis et al., 2000; Ostrovsky et al., 2008; DelSontro 
et al., 2011), while the emission values reported for temperature reservoirs represents both 
diffusive and ebullitive flux (Table 4.1). As seasonal variations in gas solubility, 
autotrophic production and microbial activities are known to affect greenhouse gas 
emission rates in freshwater systems (Bartlett and Harriss, 1993; Megonigal et al., 2005; 
Duc et al., 2010), and the sampling of all 77 dams within this study occurred during austral 
summer, the upscaled emissions presented here should be taken as initial-estimates, with a 




research. However, we suggest that the emission comparisons between temperate 
reservoirs and temperate farm dams, presented here, are robust due to the values reported 
by St Louis et al. (2000) (Table 4.1) being entirely sourced from studies where sampling 
was conducted around corresponding boreal summer months (e.g. May-Sept, Canada / 
Northern-USA / Finland).  
 
Localised land use was shown to have a significant effect on farm dam GHG 
emissions, with CO2 flux being 38% greater in cropped areas, while CH4 flux was 250% 
greater in areas with livestock. However, the differences in GHG emission rates between 
land use types could not be linked to either significant variations in environmental variables 
between the two groups (Table 4.2), or significant interactions between environmental 
variables and land use type (AIC model selection, best fit without interaction terms).  
Differences in GHG emissions between agricultural types may instead be explained by 
factors external to this study that could affect algal or microbial production, such as, 
livestock erosion of soils leading to increased carbon loading and changes in microbial 
communities (Belsky et al., 1999; Henley et al., 2000; Line, 2003), or run-off derived 
deposition of plant organic material to the deeper areas of farm dams facilitating microbial 
respiration (Downing et al., 2008). This study found no evidence of variance in sediment 
organic carbon concentrations between cropping and stocking systems, however, we did 
not measure suspended sediments, which may vary with the effects of agricultural use.  In 
order to pinpoint the mechanisms behind the effects of agricultural activities on farm dam 
CO2 and CH4 emission rates, we recommend further studies focusing on the allochthonous 
and autochthonous sources of carbon to these systems, along with analyses of the carbon 
lability and microbial response to these carbon inputs.  
 




Farm dam dissolved nitrate concentrations positively predicted both CO2 and CH4 diffusive 
emissions (Figure 4.4a,c), with 75% of farm dams exhibiting nitrate concentrations within 
a low-degradation to high-degradation freshwater toxicity range (i.e. ~2 to >10 mg L-1 N). 
(Anzecc, 2000; Camargo et al., 2005). This relationship is in accordance with previous 
literature from freshwater lakes and reservoirs that demonstrate CH4 emissions can be up 
to an order of magnitude greater in eutrophic systems compared to those of oligotrophic 
systems (Huttunen et al., 2003a; Bastviken et al., 2004; Rasilo et al., 2015; Deemer et al., 
2016). However, the positive relationship between CO2 emission rates and nutrient 
concentrations, is somewhat in contrast to the previous literature. It has been demonstrated 
that eutrophication of freshwater lakes and reservoirs releases planktonic communities 
from nutrient dependant growth limitations, facilitating higher algal photosynthetic 
productivity (Hecky and Kilham, 1988), and therefore greater uptake of CO2 from the 
atmosphere into the water column (Pacheco et al., 2014; Li et al., 2015). However, work 
from small eutrophic lakes (Casper et al., 2000; Barros et al., 2014) and a global synthesis 
of reservoirs (Deemer et al., 2016) have suggested that this dynamic between nutrient 
concentrations and freshwater net CO2 autotrophy is not ubiquitous. The positive 
relationship between CO2 emissions and nutrient concentrations in farm dams may be due 
to a combination of higher deposition of organic carbon to the sediment surface due to a 
peak in nutrient facilitated phytoplanktonic carbon capture prior to sampling (Anderson et 
al., 2002; Smith et al., 1999), and the shallow nature of farm dams, leading to greater 
mixing of the oxygen rich epilimnion with sediment waters where microbial respiration of 
CO2 can occur in abundance (Kortelainen et al. 2006; Holgerson 2015; Holgerson and 
Raymond 2016). During hotter periods with increased stratification, this process can 
increase anoxic conditions in the hypolimnion, raising the productivity of methanogenic 




1982; Bastviken et al., 2003; Liikanen and Martikainen, 2003). In addition, there is growing 
evidence that groundwater seepage of dissolved carbon into lakes and wetlands is a 
significant contributor to pCO2 concentrations, directly affecting CO2 diffusion and net 
heterotrophy (Atkins et al., 2013; Perkins et al., 2015; Sadat-Noori et al., 2016). 
Interestingly and contrary to our hypothesis, we found no relationship between phosphate 
concentrations and CO2 or CH4 emissions, albeit, being widely accepted that freshwater 
phytoplankton communities are predominantly phosphorous limited (Hecky and Kilham 
1988; Schindler et al. 2008). Multiple-nutrient limitations on phytoplankton has, however, 
been demonstrated in freshwater systems (Smith et al., 1999; Muhid and Burford, 2012), 
largely attributed to species specific variation in optimum nutrient ratios for growth (Hecky 
and Kilham 1988), which may also be co-limited by physical factors such as temperature 
and light (Healey, 1985; Hecky and Kilham, 1988). More research is needed to quantify 
the mechanisms behind farm dam GHG emissions and phosphate concentration 
incongruence. There is a strong consensus that nutrient loading to freshwater systems, 
through erosion and run-off, is directly related to anthropogenic activities such as land use 
change and agriculture (Blanchard and Lerch, 2000; Ferrier et al., 2001; Brainwood et al., 
2004), and it is in accordance with our hypothesis that the GHG flux in farm dams would 
exhibit a positive relationship to nitrate concentrations. Our results indicate that in the most 
highly eutrophied farm dams, correct management of dissolved nitrate concentrations (~ 
reduction of 25%) through activities such as effluent containment, minimising excess 
fertilisation, alternative watering points or increased vegetation, could result in a potential 
halving of current CO2-e m2 emissions (Figure 4.5). 
 
Water temperature and salinity were significant predictors of farm dam CH4 and 
CO2 emissions, respectfully, while dams that showed net uptake of CO2 from the 




atmosphere were qualitatively low in both salinity and nitrate concentrations. Temperature 
is a major environmental influencer on the formation of methane through methanogenic 
bacterial respiration in freshwater systems (Bartlett and Harriss, 1993), with Megonigal et 
al. (2005) reporting a typical increase of 200% methane formation with every 10 °C 
escalation in temperature and Duc et al. (2010) reporting a 10 - 100 increase over a 4 - 30 
°C temperature range. Temperature’s positive influence on methane formation is largely 
attributed to stimulation of decomposition and fermentation in sedimentary organic carbon, 
and an increase in the rate of electron acceptor reduction (e.g. O2) creating conditions that 
are favourable for methanogenic processes (Bartlett and Harriss 1993; Megonigal et al. 
2005; Duc et al. 2010).  
 
The negative relationship between CO2 emission rates and water salinities is in 
accordance with previous literature  (Frankignoulle et al., 1998; Duarte et al., 2008; Marotta 
et al., 2010). Salinity directly effects chemical solubility and air-water exchange rates of 
molecules such as O2 and CO2 (Hoover and Berkshire, 1969; Wanninkhof and Knox, 1996; 
Duarte et al., 2008), while likely indirectly affecting CO2 emissions through significant 
changes in planktonic community structure and reductions in overall planktonic biomass 
due to osmotic stress (Nielsen et al., 2003; Jeppesen et al., 2007, 2015). In addition, greater 
salinity concentrations can be linked to lower rainfall influx (Jones and Mulholland 1998; 
Sobek et al. 2012; Deemer et al. 2016), and therefore lower terrestrial organic carbon 
available for microbial respiration.  
 
Similar to the overall trends in environmental influencers of CO2 emission rates, 
the eight dams that exhibited net CO2 uptake from the atmosphere had salinity levels 74% 




number of dams with net CO2 autotrophy was low, the trends presented here are only 
qualitative, and further research into trophic shifts of small agricultural dams is still needed, 
we suggest particular focus on diel emission fluctuations, dissolved organic carbon sources 
and concentrations and photosynthetic production.  
   
In conclusion, this study provides the first quantitative data on small human-built 
agricultural farm dam GHG emissions, finding that these currently unaccounted for systems 
emit up to 3.43 times the mass of CO2-e m-2 as their large reservoir counterparts. In 
addition, we show that local agricultural land use has a significant effect on GHG 
emissions, largely driven by higher CH4 flux in livestock rearing farms in comparison to 
those of cropping farms. Finally, we highlight the link between dissolved nitrate 
concentrations and both CO2 and CH4 emissions, showing that reducing nutrient inputs to 
farm dams could greatly reduce overall atmospheric emissions (a 25% nutrient reduction 
would half emissions, according to our data). We suggest the inclusion of small agricultural 
water bodies into global carbon budgets, as their relatively large GHG emissions makes 
them a potentially large gap in current climate change mitigation policy. 
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Through the microbial breakdown of organic matter, and production of greenhouse gases 
small agricultural dams or ponds have recently been shown to make a relatively large 
contribution to freshwater ecosystem carbon cycling. However, current estimates of their 
total carbon dioxide-equivalent (CO2-e) emissions lack inclusion of both seasonal and diel 
fluctuations. In addition, the atmospheric emissions of nitrous oxide from these highly 
eutrophic systems has yet to be established. Here, we quantified the diffusive winter 
emissions of carbon dioxide (CO2), methane (CH4), and nitrous oxide (N2O) from 12 small 
agricultural dams within South-east Australia over a 24 hour period. The winter CO2-e 













summer, at 1.02 g m-2 d-1, while N2O contributed just 3.2 % of this total. We also show that 
diel cycles do not significantly affect winter CO2, CH4 or N2O emission rates, and we 
discuss the likely carbon sources to these systems, through analyses of stable carbon 
isotopes (δ13C). The results from this study fill key gaps in our knowledge of agricultural 
dam greenhouse gas production and global atmospheric emissions, aiding their inclusion 




Through microbial breakdown of organic matter and the production of greenhouse gases 
(GHGs) freshwater ecosystems such as lakes, ponds and wetlands (both natural and 
constructed) play a critical role in the cycling of carbon between the atmosphere and the 
earth’s surface. Human-built freshwater reservoirs, used for hydroelectricity and water 
storage, are some of the highest freshwater emitters of GHGs, estimated at 0.8Pg of carbon 
dioxide equivalents (CO2-e) per year, or ~7% of annual anthropogenic emissions (Louis et 
al., 2000; Barros et al., 2011; Deemer et al., 2016). Reservoirs are a hotspot for GHG 
emissions  due to a combination of conditions, such as, relatively high loads of organic 
matter and nutrient run-off from anthropogenic activities which feed microbial CO2 and 
N2O production pathways (Thornton et al., 1990; Downing et al., 2008; Deemer et al., 
2016), and thermal stratification of the water column which results in anoxic sedimentary 
conditions ideal for CH4-producing bacteria (Abril et al., 2005). Recently, works by 
Ollivier et al. (2018) and Grinham et al. (2018) in Australia have identified a potential gap 
in freshwater greenhouse gas budgets by demonstrating that very small human-built 
agricultural dams (< 0.01 km2 surface area) may emit up to 3.4 times the CO2-e flux m-2 
than their larger reservoir counterparts.  




The expansion of global farming practises has resulted in the construction of 
numerous small freshwater impoundments used for local water storage, often in place of 
previously vegetative land. These small agricultural dams are estimated to make up 77,000 
km2 of the lands surface, or 0.1 - 6% of all agricultural areas (Downing et al., 2006). Though 
until recently, their contribution to freshwater GHG emissions has been overlooked. High 
surface area:volume ratio in smaller freshwater systems increases the influence of 
microbial respiration at the sediment surface (Kortelainen et al., 2006), subsequently 
leading to anoxic conditions that are ideal for the production of CH4 through 
methanogenesis (Bastviken et al., 2004; Juutinen et al., 2009; Holgerson, 2015). In 
addition, agricultural run-off of organic material and nutrients from livestock effluent, 
erosion and fertiliser input, creates ideal conditions for microbial greenhouse gas 
production (Blanchard and Lerch, 2000; Ferrier et al., 2001; Brainwood et al., 2004). 
Ollivier et al. (2018) provided the first estimates of CO2 and CH4 emissions from small 
agricultural dams within a case-study of Victoria, Australia, showing that when upscaled 
to state-wide surface areas, farm dams may emit 3.1 times the CO2-e emissions of larger 
freshwater reservoirs. However, as these emission estimates are based on data exclusively 
from both austral summer, and daylight periods, further quantification of seasonal and diel 
fluctuations in farm dam emissions is needed to facilitate more accurate inclusion of farm 
dam emissions into global greenhouse gas budgets. 
 
Seasonal and diel variability heavily influences aquatic microbial activity through 
fluctuations in temperature, organic matter input, oxygen concentrations, and sediment 
redox potential. In seasonally frozen lakes and ponds, temperature induced stratification of 
the water column during winter and summer, and water column mixing during spring and 




autumn, has a significant effect on GHG emissions through changes in the available organic 
matter and nutrient inputs (Michmerhuizen et al., 1996; Roulet et al., 1997; Bastviken et 
al., 2004). However, in non-freezing freshwater systems such as those found in Australia, 
seasonal effects on GHG release is largely attributed to temperature dependant variation in 
oxygen concentrations and the decomposition / fermentation of sedimentary organic 
carbon, with higher sediment temperatures leading to ideal conditions for methanogenic 
production (Bartlett and Harriss, 1993; Megonigal et al., 2005; Duc et al., 2010). In 
addition, day-night cycling can heavily affect GHG emission rates through both shifts in 
temperature, and photosynthetic activity. In the absence of light, photosynthetic uptake of 
dissolved carbon is reduced, thereby increasing the partial pressure of carbon dioxide in the 
water column (Verduin, 1957; Schindler and Fee, 1973; Eugster et al., 2003). Furthermore, 
a decline in photosynthetic oxygen production during the night can lead to anaerobic 
conditions throughout the water column and the sediments, leading to higher rates of CH4 
production (Podgrajsek et al., 2014). Although insights into these processes have been 
developed  in lakes, reservoirs, and ponds, changes in GHG emission rates due to seasonal 
and diel cycling in farm dams is currently still unknown. 
 
In addition to CO2 and CH4 small agricultural dams have the potential to release 
radiatively potent nitrous oxide gas (N2O). Per unit mass, emissions of N2O have a 100 
year sustained global warming potential 270 times that of CO2 (Neubauer and Megonigal, 
2015), and are predicted to be responsible for approximately 5% of total global warming 
(IPCC 2001). Further, N2O is an significant ozone depleting substance, and is predicted to 
be the single most important ozone depleting emission during the 21st century 
(Ravishankara et al., 2009). N2O is produced during the microbial processes of aerobic 
nitrification (NH3 to NO2-) and anaerobic denitrification (NO3- to N2), two pathways that 
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are driven by nitrogen inputs. Largely due to the deposition of N-enriched dung and urine 
waste matter, and the fertilization of crops, emissions of N2O from agricultural activities 
have been estimated to account for 81% of all anthropogenic N2O emissions (Isermann, 
1994; Beauchamp, 1997). As small agricultural dams are often the collection point for 
rainwater run-off from surrounding lands, it is likely that they are subject to high N-loads. 
In fact, Ollivier et al. (2018) found that out of 77 agricultural dams sampled, 75% had 
nitrate concentrations within a degraded eutrophic range (i.e. ~2 to >10 mg L-1 N) (Anzecc, 
2000; Camargo et al., 2005). As such, small agricultural dams have the potential to be hot 
spots for N2O emissions, however to date, quantification of N2O emissions in these systems 
is severely lacking, and limited to a single data report from the northern hemisphere (Webb 
et al., 2018).  
 
Here we assess the winter greenhouse gas emissions of small agricultural dams 
across a continuous diel period with the aim to fill vital gaps in their emission estimates 
and aid their inclusion into global GHG budgets. In order to achieve this aim, we sampled 
12 small (< 0.01 km2) agricultural dams for CO2, CH4, and N2O diffusive emissions four 
times throughout a continuous 24 hour period, also incorporating dissolved oxygen, 
temperature, and carbon isotopic signature (δ13C ) of dissolved CO2. These data were 
compared to previous summer sampling at the same sites (Ollivier et al. 2018). We 
hypothesised that the winter emissions sampled here would be lower than previous 
agricultural dam summer emissions, and that diel cycling would have a significant effect 
on overall GHG emissions. We present evidence of seasonal effects on the GHG release of 
small agricultural dams, that terrestrially-derived C3 plant material is the predominant 
carbon source, and that N2O was negligible to overall CO2-equivalent emissions during 
winter. 





5.2 Materials and methods 
 
5.2.1. Study Sites 
 
The Corangamite catchment is located within Victoria, South-East Australia, with 13 ~78% 
of all land being privately owned and predominantly used for agriculture. All sampling 
occurred during winter, between the 18th-28th of June 2018. A total of 12 individual farm 
dams were sampled for diffusive diel GHG emissions, with their length at the longest point 
and total surface area being on average 41.3 ± 3.1 m2 and 986.7 ± 128.9 m2, respectively. 
Sampling was conducted at four intervals throughout the day; dawn, midday, dusk and 
midnight, with the sampling of each dam being conducted within one continuous 24 hour 
period. As multiple dams were sampled at each time interval, samples were taken within 
two hours of the sampling time, and all dams were sampled in identical order to ensure the 
consistent spread of time between intervals. All dams were within livestock agricultural 
fields, specifically sheep grazing.  
 
5.2.2. Floating chamber CO2 and CH4 flux. 
 
Floating chambers (0.025 m3 volume, 0.131 m2 surface area) were made from white plastic 
circular tubs to reduce solar radiative heating of chamber air.  Matthews et al. (2003) note 
that surface boundary layer disturbance is likely responsible for increases in floating 
chamber gas flux uncertainty, especially in low wind small fetch environments where wave 
turbulence is consistently low. Therefore to account for this chambers were 
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gradually, and at an angle, inserted into surface waters to a depth of 2 cm in order to reduce 
disturbance of the surface boundary layer, and initial gas concentrations in the chamber 
were confirmed to be at equilibrium with atmospheric levels prior to sampling. Two plastic 
tubes (influx and efflux) were connected to the chamber 20 cm apart, creating a closed 
circuit, with a cavity enhanced laser absorption based Ultraportable Greenhouse Gas 
Analyzer (UGGA, Los Gatos Research - Model 915-0011). Measurements of carbon 
dioxide and methane parts per million (ppm) were taken at 2 second intervals over a 
minimum 5 minute contact period (150 individual measurements per sample), with a flow 
rate of 1.5 - 1.7 standard litres per minute. The linear rate of change in chamber gas 
concentration (ppm s-1) was then used in the following equation (Lambert and Fréchette, 
2005): 
 
F = [s(V/RTA)]t                                             (Eq 5.1) 
 
where F represents diffusive gas flux from the water surface to the atmosphere (mmol m-2 
d-1), s represents the slope of change in chamber gas concentrations over time (ppm s-1), V 
is the chamber volume (m3), R is the universal gas constant (8.2 x 10-5 m3 atm K-1 mol-1), 
T is the temperature in the chamber (K), A is the surface area of the chamber (m2) and t is 
the conversion from seconds to day and µmol to mmol. Ambient pressure and gas 
temperature were automatically measured by the UGGA.  
 
Floating chambers can incorporate gas flux from both diffusive water-air exchange 
and ebullition events. However, here we focus exclusively on diffusive flux, and as such, 
in order to ensure overall estimations of F were not influenced by intermittent ebullition 
we rejected flux incubations that displayed a linear regression with r2 < 0.70 (Repo et al., 




2007b).  This resulted in model sample size variation between each gas type, reported from 
here on prior to the statistical output of each model as n. All CO2-equivalent values 
presented in this study were calculated using the 20 year sustained global warming 
potentials (SGWPs) of CH4 (1g CH4 = 96g CO2) and N2O (1g N2O = 250g CO2) from 
Neubauer and Megonigal (2015). SGWPs are a more robust estimate of greenhouse gas 
radiative forcing as they incorporate fluxes over a sustained period of time, unlike global 
warming potentials (GWPs) which assume single pulse emissions, an assumption that is 
rarely justified in ecosystem ecology (Neubauer and Megonigal, 2015).  
 
In order to confirm that gas transfer velocities calculated from floating chambers 
were not over estimated, water column gas partial pressures and local wind speed data at 
six of the twelve dams were used in conjunction with three alternate gas exchange empirical 
models commonly applied to lakes (Wanninkhof, 1992b; Cole and Caraco, 1998; Crusius 
and Wanninkhof, 2003b). Floating chamber based estimates of gas transfer velocities 
within this study were confirmed to be within the range of empirical models (see 4.2. 
Materials and Methods, and Figure 4.2, Ollivier et al. 2018).  
 
5.2.3. N2O flux and carbon isotope (δ13C) analyses 
 
Samples of dissolved N2O, CH4, δC-CO2 and δC-CH4 were collected during each of the 
floating chamber flux measurements. Water was repeatedly pumped into 220 mL amber 
glass bottles using a plastic syringe and tube, overfilling at least three times the volume of 
the bottle. Samples were immediately fixed by the addition of 100 uL of saturated HgCl2 
solution, capped with Teflon septa lids, and transported on ice to the laboratory for analysis 
(within 5 days). N2O, CH4, δC-CO2 and δC-CH4 were measured in a closed loop by 
CHAPTER 5. SEASONAL AND DIEL EMISSION VARIATION 
  
 115 
equilibrating the sample bottle and a known headspace volume using a Picarro G2308 
analyzer and a Picarro G2201i analyser. To calculate N2O fluxes, the gas transfer velocity 
was calculated using the flux rate of CH4 (calculated from floating chamber measurements) 
and the water column concentrations of CH4 to calculate kCH4  values: 
 
kCH4 = FCH4/(CwCH4 –  CaCH4)                                        (Eq 5.2) 
 
where kCH4 is the transfer velocity (m d-1) of CH4, FCH4 is the flux of CH4 (mmol m-2 d-1), 
CwCH4 is the concentration of CH4 in the water (mmol m-3) and CaCH4 is the equilibrium 
concentration of CH4 at in situ temperature and salinity assuming an atmospheric 
concentration of 1.8 ppm according the temperature and salinity dependant solubility 
constants of (Wiesenburg and Guinasso Jr, 1979). The kCH4 value was converted to kN2O 
value following: 
 
KN2O/ kCH4 = (ScN2O/ScCH4)-2/3                                      (Eq 5.3) 
 
where ScN2O and ScCH4 are the Schmidt numbers for N2O and CH4 respectively calculated 
as a function of temperature and salinity (Wanninkhof, 2014), assuming a linear 
dependence on salinity. The exponent of 2/3 was used due to the low wind speeds, and 
quiescent nature of the water surface (Jähne and Haußecker, 1998).  N2O fluxes were then 
calculated from kN2O and the measured concentration of N2O according to: 
 
FN2O = kN2O(CwN2O – CaN2O)                                      (Eq 5.4) 
 




where FN2O is the flux of N2O (µmol m-2 d-1), kN2O is the transfer velocity of N2O (m d-1), 
CwN2O is the concentration of N2O in the water (nmol L-1) and CaN2O is the equilibrium 
concentration of N2O (nmol L-1) assuming an atmospheric mixing ratio of 328 ppb and the 
temperature and salinity dependant solubility coefficients of Weiss (Weiss and Price, 
1980). 
 
To determine the sources of carbon entering farm dams over the 24 sampling period, the 
δ13C signatures and concentrations of CO2 were used in conjunction with Keeling plots 
(Keeling, 1958). The Keeling plot method is based on a conservation of mass mixing model 
between the background δ13C and the source δ13C values; 
 
<= = <> + <?                                              (Eq 5.5) 
 
where < represents the concentration of CO2 and subscripts m, b and s represent the 
measured, background and source values, respectively. Given conservation of mass; 
 
@ABC=<= 	= 	@ABC><> +	@ABC?<?                            (Eq 5.6) 
 
where @ABC represents the carbon isotope ratio of each CO2 component. Combining 
equation (5.5) and (5.6) gives; 
 
@ABC= = 	 <>(@ABC> − @ABC?)(1/<=)+	@ABC?                 (Eq 5.7) 
 
Therefore, in conjunction with equation (5.7), the δ13C isotopic signature of the source (± 
95% CI) was determined as the y-intercept of a type II ordinary least squares regression 
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(“lmodel2” function within “lmodel2” package, permutations = 1000) between 1/<= and 
@ABC= (Pataki et al., 2003; Maher et al., 2017). The Keeling plot method assumes a 
constant background concentration, which in the context of this study is represented by the 
atmospheric exchange of gaseous CO2 and aqueous CO2 at the air-water surface. We 
assumed that the background concentrations of atmospheric CO2 did not change over the 
course of each 24h sampling period.  
 
Breakdown of organic material through aerobic respiration (Chanton et al., 2008), 
fermentation (Vile et al., 2003; Keller and Bridgham, 2007) and sulfate-reduction (Yavitt 
and Lang, 1990) results in a δ13C ratio matching that of the source material (Lapham et al., 
1999). However, methanogenic processing of organic material fractionates the carbon 
source into more enriched δ13C-CO2 and correspondingly depleted δ13C-CH4 (Corbett et 
al., 2013). This relationship assumes an equal molar production of CO2 and CH4 during 
methanogenesis and is expressed in the following equation (Corbett et al., 2013); 
 
@ABC? = (0.5	 × @ABCHIJ) 	+	(0.5	 × @ABCHKL)	                (Eq 5.8) 
 
where @ABC?  represents the carbon isotopic signature of the source material, @ABCHIJ 
represents the carbon isotopic signature of CH4 and @ABCHKL represents the carbon isotopic 
signature of CO2. Therefore, using in the lowest δ13C-CH4 value obtained from all 48 
samples and the literature values for the two most likely sources of carbon , C3 plant 
material and algal production, we used equation (8) to solve for the δ13C-CO2 of 
methanogenesis from each source group. We used the lowest δ13C value, as methanotrophic 
oxidation of CH4 into CO2 selectively enriches CH4 isotopes, and as such, the most depleted 
values more accurately represents the δ13C-CH4 directly from methanogenic production 




(Whiticar et al., 1986). The δ13C signature obtained from the Keeling plot was then used in 
a Bayesian mixing model (“simmr” package in r), with C3 material, methanogenic 
breakdown of C3 material, algal material and methanogenic breakdown of algal material 
as the source groups. The δ13C ratios of C3 plants was used as previous research indicated 
that temperate Australian grasslands are predominantly C3, with C4 grasses more abundant 
in northern regions (Hattersley, 1983; Pate and Noble, 2000).  
 
To estimate the portion of CH4 transformed into CO2 due to methanotrophic oxidation we 
followed the methods of Jeffrey et al. (2019); first we determined the fractionation factor 
(F) as a function of water temperature (T, °C) for mulch soils (Chanton and Liptay, 
2000): 
 
M = (−0.000438	 × 	O) + 1.0421                                            (9)  
  
we then used the steady state open-system model from Tyler et al. (1997) to rearrange and 
solve for the fraction of oxidized CH4 (Fox-CH4):  
 
       @PQRSRTU 	= 		 @VRQTU + WMXYZ[\J ]^
A
_
` − 1a ^1 + bcdefg
Ahhh
`i × 	1000                        (10)      
                                                                      
where δInitial represents the most depleted δ13C-CH4 value and δFinal represents the average 
water column δ13C-CH4 value. 
5.2.4. Data analyses 
 
To analyse diel shifts in greenhouse gas emissions from small agricultural waterbodies, 
sampling times were grouped into factor ‘time’ with two treatments; ‘Day’ (12pm and 
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6pm), and ‘night’ (12am and 6am). Carbon dioxide (CO2), methane (CH4) and nitrous oxide 
(N2O) were run separately through a series of linear mixed-effects models (“lme()” function 
in “nlme” package) with time as a fixed factor and ‘dam identification’ as a random factor 
(Pinheiro et al., 2014). This model structure allowed for the incorporation of between dam 
dissimilarity, and the repeated measures sampling design. This model structure was first 
applied to pair-wise analyses of all explanatory variables to test for collinearity (Zuur et al., 
2009). Both dissolved oxygen and temperature were significantly correlated with time (DO 
~ time f(1, 33) = 5.068, P = 0.031, temp ~ time f(1, 33 ) = 39.09, P = < 0.001), and each other 
(DO ~ temp f(1, 33 ) = 9.357, P = 0.004). However, as the purpose of this study was to 
understand the environmental processes directly affecting farm dam greenhouse gas 
production over diel cycles, all related co-variables were used in the model selection 
process. Akaike’s information criterion (AIC) model selection was used to obtain best 
models (Sakamoto et al., 1986), where more than one variable was present in the optimal 
model, a variance inflation factor “vif()” function in “CAR” package was calculated (Fox 
and Monette, 1992). The resultant models were validated through assessment of plots from 
the residuals over the predicted values, distribution of residuals, and a quantile-quantile 
plot (Q-Q plot, “qqnorm()”, “stats” package).  
 
To achieve normality of model residuals both CO2 and N2O were square root 
transformed prior to statistical analyses, and two outliers were removed from each gas type, 
either due to extreme variation, or analytical error (e.g. missing data point or machine 
accuracy limitations at higher or lower ranges). Where heteroscedasticity of explanatory 
variable residuals was observed, a constant variance weighting function was applied 
(“varIdent()” function in “nlme” package).   As CO2 and N2O emission rates ranged from 
negative to positive, e.g. net influx or efflux between the atmosphere and the water column, 




a constant was added to allow for transformation in accordance with the following equation 
(McDonald, 2009); 
 
3	 = 4 − min(9)																																											(Eq	5.9)	 
 
 where 3 represents the positive constant value added to the data prior to transformation, 
4 represents a chosen value usually between zero and one (here we set 4 to 0.1), and 
min(9) represents the lowest value in the given dataset. This equation allows for minimal 
alteration to the data, while achieving transformation of the negative values. Finally, an 
analysis-of-variance (“anova()” function, within “stats” package, type = II) was performed 
on each of the resulting models (Pinheiro et al., 2014). The “anova()” function (F-statistic) 
was used instead of the “summary()” function, as P-values calculated from t-statistics are 
less adequate when analysing linear mixed-effects models with categorical variables (i.e. 
fixed factor; time) (Zuur et al., 2009).  
 
The relative contribution of terrestrial and algal organic matter to farm dam CO2 
concentrations was assessed using δ13C and a one-isotope four-source mixing model 
(Zencich et al., 2002; Phillips and Gregg, 2003). The δ13C signatures of both C3 plants and 
freshwater algae were sourced from the literature; where C3 δ13C values were -27.3 ± 0.34, 
n = 21 (Bird and Pousai, 1997; Šantrůčková et al., 2000; Finlay, 2001; Hobson et al., 2007; 
Reid et al., 2008), and algal δ13C  values were -33.13 ± 1.31, n = 17 (Hamilton and Lewis 
Jr, 1992; Hicks, 1997; Reid et al., 2008). While the δ13C of methanogenic endmembers 
were calculated using a series of mass balance equations (See section 5.2.3; Eq. 5.2 – 5.6). 
The Stable Isotope Mixing Model in R (“simmr_mcmc()” function, “simmr” and “rjags” 
packages) works by repeatedly producing potential values of the proportional contribution 
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of source material through a Markov chain Monte Carlo, with initial burn-in iterations 
(1000) discarded and subsequent iterations (10, 000) stored for use in the posterior 
distribution and analyses of the data (Parnell et al., 2010, 2013). Model convergence was 
confirmed using diagnostic plots and upper confidence intervals, no overlap between 
source δ13C signature means ± standard deviations were observed. The simmr package 
allows for the incorporation of δ13C uncertainty into mixing models, while producing a 
Beyesian quantification of the most likely source contributors where there is a greater than 




Akaike’s information criterion (AIC) model selection (Sakamoto et al., 1986) indicated the 
best model fits were exclusive of fixed factor time; n = 44 CO2 × dissolved oxygen + 
temperature, n = 45 CH4 × dissolved oxygen + temperature, and n = 46 N2O ×  dissolved 
oxygen + temperature. Therefore, diel cycling was not significantly related to water 
column greenhouse gas emissions, though, N2O was on average 1.9 times higher during 
the day (4.05 µmol m-2 d-1) compared to the night (2.06 mmol m-2 d-1)(Figure 5.1). Across 
all dams and all times, mean CO2 flux was 13.21 ± 2.96 mmol m-2 d-1, mean CH4 flux was 
5.3  RESULTS 
  
0.29 ± 0.04 mmol m-2 d-1, and mean N2O flux was 3.05 ± 0.68 µmol m-2 d-1. These fluxes 
equated to a mean CO2-e emission rate of 1.06 g m-2 d-1, with CO2 flux accounting for 55%, 




Figure 5. 1: Diel greenhouse gas emissions of Australian farm dams. Emissions are 
presented as mean ± standard error, CO2 data are square root transformed for visualisation. 
No comparisons were significantly different as established through linear mixed-effects 
models. Carbon dioxide equivalents (g CO2-e m-2 d-1) were calculated using the 20 year 
sustained global warming potentials of CH4 and N2O from Neubauer and Megonigal 
(2015), with patterned and coloured sections representing the contribution of each gas type 
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  CO2 emissions were negatively correlated to dissolved oxygen in the water column 
(f(1,30) = 63.398, P < 0.001, Figure 5.2a), and were not correlated with water temperature 
(f(1,30 ) = 2.685, P = 0.112). CH4 emissions were not significantly related to either dissolved 
oxygen (f(1,31 ) = 0.088, P = 769) or temperature (f(1, 34 ) = 3.259, P = 0.081). While N2O 
emissions were significantly positively correlated to temperature (f(1,32 ) = 21.31, P < 0.001, 
Figure 5.2b), and non-significantly related to dissolved oxygen (f(1, 32 ) = 3.258, P = 0.081). 
Collinearity between dissolved oxygen and water temperature had only a small effect on 
model variance, as indicated by the variance inflation factors, which were < 1.2  for all 




Figure 5. 2: Linear mixed-effects models of farm dam greenhouse gas emissions and 
environmental variables. Dam sites were treated as a random factor to account for between-
dam dissimilarity, repeated measures design. The circular points of both CO2 and N2O 
represent the square root transformed data prior to incorporation of random effects. Solid 






Bayesian probability distribution of a carbon isotope (δ13C) mixing model indicated that 
methanogenic and aerobic production contributed a mean 70 and 30 % of total dissolved 
CO2, respectively. Specifically, methanogenic processing of algal material was the highest 
contributor to CO2 at 37 % (4 – 87 %, 95 % credible intervals), followed by methanogenic 
processing of terrestrial C3 (34 %, 5 – 56 %), aerobic processing of C3 material (15 %, 2 
– 37 %), and aerobic processing of algal material (14 %, 2 – 37 %) (Figure 4). Based on 
equations 8 – 9 we estimated the mean fraction of CH4 oxidized through methanotrophic 
production into CO2 to be 34 %.  Dissolved oxygen (mg L-1) averaged 8.3 ± 0.74 (mean ± 
standard error) during the day, and 7.4 ± 0.53 during the night. Water temperature (°C) 
averaged 8.65 ± 0.17 during the day and 7.15 ± 0.31 during the night. The CO2-e emissions 
of agricultural dams, inclusive of only CO2 and CH4 for evaluation with previous literature, 
were 92% lower in winter compared to summer months (Figure 5.4). While CH4 had the 
largest decline in emission rate between summer and winter, at 96 %, while CO2 declined 
by 46 % (Figure 5.4) 
 




Figure 5. 3: Bayesian probability distribution of organic carbon source contribution to farm 
dam water column pCO2 concentrations. Methanogenic δ13C values were calculated using 
a series of mass balance equations (see section 5.2.3; Eq. 5.2 – 5.5). δ13C values for C3 and 









Figure 5. 4: Seasonal variation in agricultural dam greenhouse gas emissions. Emissions 
are presented as mean ± standard error. Summer and winter temperatures (°C) are presented 
as a range, percentages (%) indicate the difference in emission rate between the two 
seasons. Summer emission data was taken from Ollivier et al. (2018). Carbon dioxide 
equivalent (g CO2-e m-2 d-1) was calculated using the 20 year sustained global warming 
potentials of CH4 and N2O from Neubauer and Megonigal (2015). 
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Winter          4.5 – 12.5 (°C )





Through the microbial breakdown of organic material and release of potent greenhouse 
gases (GHGs), freshwater ecosystems play a substantial role in global carbon cycling. The 
magnitude of these emissions, and the processes behind their release, has been well studied 
in wetlands (Richey et al., 2002; Zhuang et al., 2009; Mitsch et al., 2013; Gatland et al., 
2014; Stanley et al., 2016), lakes (Huttunen et al. 2003; Bastviken et al. 2004; Juutinen et 
al. 2009; Tranvik et al. 2009), large reservoirs (Galy-Lacaux et al. 1999; St. Louis et al. 
2000; Deemer et al. 2016), and natural ponds (Holgerson and Raymond 2016). However, 
it is only recently that the GHG emissions of small agricultural dams has been quantified 
(Grinham et al., 2018; Ollivier et al., 2018), and still currently lacking in their emission 
estimates, is the incorporation of variance due to seasonal and diel cycles. In addition, 
quantification of N2O emissions from small agricultural dams is currently lacking. Using 
twelve small agricultural water bodies in south-east Australia, we demonstrate that farm 
dam winter GHG emissions may be up to 92 % lower than summer emissions. This 
highlights the importance of undertaking seasonal measurements to fully assess the role of 
small agricultural water bodies as atmospheric GHG sources. We also find that diel cycles 
had no significant effect on emission rates, though selective relationships between GHG 
types and both temperature and dissolved oxygen were present. Finally, we estimate that 
terrestrially derived C3 material was the predominant source of organic matter used in the 
production of CO2, and that that N2O emissions contributed only ~ 3.2% of total CO2-






The emissions of GHGs from agricultural dams show a strong relationship with 
seasonal variation, a finding that is in accordance with previous literature in freshwater 
lakes (Xing et al., 2005), reservoirs (Musenze et al., 2014) and wetlands (Wilson et al., 
1989). Previous sampling of agricultural dam summer CO2 and CH4 emissions by Ollivier 
et al. (2018) found a CO2-e emission value of 12.16 ± 2.84 g m-2 d-1, while the comparable 
winter emission values found in this study were 92% lower at 1.02 g m-2 d-1. Although the 
emission of CO2 had a ~ 46% variation between summer and winter, approximately 95% 
of the seasonal CO2-e variation was due to a reduction in radiatively potent CH4 (Figure 
5.4). However, in contrast to Ollivier et al. (2018) we did not find a positive relationship 
between winter CH4 emissions and water temperature. Methanogenic production of CH4 in 
freshwater ecosystems is decreased at lower temperatures due to reductions in the 
fermentation and decomposition rates of organic material, and lower rates of electron 
acceptor reduction (O2) leading to methanogenic competition with aerobic microbial 
pathways (Bartlett and Harriss 1993; Megonigal et al. 2005; Duc et al. 2010). Yet the 
relationship between CH4 formation and temperature is often reported to be step-wise, or 
exponential, where little if any change occurs in lower temperature ranges of 4 – 10 °C, 
and 10-100 fold increases can occur between 10 – 30 °C (Wilson 1989, Duc 2010). 
Therefore, it is likely that the winter temperatures 4.5 – 12.5 °C found in this study (Figure 
5.4) contributed to the lack of linear relationship between these two variables. In addition 
to temperature’s direct effects, thermal stratification of the water column can also indirectly 
affect methane formation (Bastviken et al., 2004). Cooler winter periods increases water 
column mixing in aquatic systems, which escalates the dissolved oxygen cycled to the 
deeper sediments and provides electron acceptors for aerobic bacterial metabolism, 
subsequently reducing methanogenesis (Ford et al., 2002; Bastviken et al., 2004). This 
study clearly demonstrates that season can have a strong effect on agricultural dam GHG 
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emissions, and that the incorporation of this variation and it’s drivers, will more accurately 
predict yearly emissions and aid agricultural dam inclusion into carbon budgets.  
 
Agricultural dams did not exhibit significant diel fluctuations in CO2, CH4 or N2O 
diffuse emissions during the 24 hour sampling periods. Previous research within freshwater 
ecosystems has shown that sampling GHGs exclusive of day-night cycles can bias overall 
emission estimates (Repo et al., 2007a; Godwin et al., 2013; Podgrajsek et al., 2014). Diel 
effects on GHG emissions are largely attributed to changes in photosynthetic production of 
oxygen, uptake of dissolved CO2, and convection induced water cycling that affects the 
redox potential of deeper waters while increasing water turbulence, a major influencer of 
air-water gas transfer (MacIntyre et al., 2002; Bastviken et al., 2004; Rutgersson and 
Smedman, 2010; Podgrajsek et al., 2014). The emissions of CO2 from agricultural dams 
were negatively related to dissolved oxygen, supporting our hypothesis that photosynthetic 
uptake of dissolved CO2 would reduce gas transfer between the water surface and the 
atmosphere, although, this relationship was exclusive of diel cycles, and instead, is likely 
a result of dam specific differences in algal biomass. While this study finds that day-night 
cycling is not related to winter GHG emissions in small agricultural dams, previous 
literature has shown that during summer, the stronger thermal stratification cycles of water 
columns causes significant change in GHG emission over a diel period (Podgrajsek et al., 
2014). It is therefore suggested that further quantification of summer diel farm dam 
emissions is a priority for accurate yearly upscaling. 
 
Inputs of algal materials and terrestrially derived C3 plant materials were an equal source 
of organic matter to agricultural dam microbial communities, with the majority of CO2 





pathways, and carbon sources of GHGs in agricultural dams is an important step for the 
facilitation of better management practises and potential mitigation of emissions. 
Methanogenic breakdown of organic material produces both CO2 and CH4 in a 1:1 molar 
ratio, however this process differentially fractionates carbon into enriched carbon dioxide-
carbon isotopes (δ13C-CO2) and correspondingly depleted methane-carbon isotopes (δ13C-
CH4) (Corbett et al., 2013). Through the incorporation of this relationship into a mass 
balance equation (Eq 5 - 8), it is possible to identify both the predominant source material 
and production process (Corbett et al., 2013; Lapham et al., 1999). Previous work by 
Ollivier et al. (2018) found that dissolved nitrate concentrations positively correlated with 
both CO2 and CH4 emissions in agricultural dams, further suggesting this may be due to 
nutrient facilitation of primary production and the algal-carbon cycle. Through δ13C 
analysis we found that across both aerobic and anaerobic production processes, terrestrial 
and algal organic matter contributed equal amounts of carbon mass to the dissolved CO2 
pool, thereby supporting the suggestion of greenhouse gas emission reductions through 
nutrient reductions, for a substantial portion of emissions. 
 
Anaerobic methanogenic breakdown of organic matter accounted for approximately ~71 
% of all dissolved CO2 in the water column, with aerobic processes accounting for the 
remaining ~29 %. In addition, conversion of CH4 into CO2 through methanotrophic 
metabolism was estimated at 34% of total CH4 production. Therefore, if we use the mixing 
model output for the CO2 production attributed to aerobic or anaerobic processes, with the 
estimated fraction of CH4 oxidation, we can roughly estimate ebullition through Ebullition 
= 0.71 x CO2 flux - CH4 oxidation - CH4 diffusive flux, resulting in an ebullitive flux of 
8.8 mmol m-2 d-1. This rate of ebullition is in the range of previous studies from lakes and 
small ponds, at 4.6 to 10 mmol m-2 d-1 (DelSontro et al., 2011, 2016; Ostrovsky et al., 
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2008), and offers an insight into the full methanogenic compartment of small agricultural 
dams. Though importantly, to date there have been no studies directly measuring the 
ebullitive flux rate from agricultural dam ecosystems, and as such, without detailed data 
comparisons the ebullitive flux rate presented here may should be interpreted with restraint.  
 
Agricultural dam emissions of nitrous oxide (N2O) contributed a small amount to 
overall CO2 equivalents, however these emissions are up to two times higher than 
analogous freshwater systems. N2O is a radiatively potent GHG, with a 20 year sustained 
global warming potential 270 times that of CO2 (Neubauer and Megonigal, 2015), it’s 
formation is also heavily reliant on nitrogenous availability, thereby increasing the 
likelihood that N2O would contribute a great deal to CO2-e emissions in often eutrophic, 
agricultural dam systems (Ollivier et al 2018). However we found that the mean diffuse 
N2O emissions of 0.13 ± 0.03 mg N2O m-2 d-1 made up only 3.2 % of total agricultural dam 
CO2 equivalents. In addition, and in accordance with the well-established biological 
dependence of nitrifying and denitrifying bacteria on temperature (Dobbie and Smith, 
2001; Holtan-Hartwig et al., 2002; Saggar et al., 2004; Saleh-Lakha et al., 2009; Xia et al., 
2013), we found that agricultural dam N2O emissions were positively correlated with water 
temperature (Figure 5.2b). Previous literature in temperate boreal regions has quantified 
diffuse N2O emissions to be 0.05 ± 0.03 mg m-2 d-1 in lakes (Huttunen et al., 2003a, 2003b), 
0002 ± 0.003 mg m-2 d-1 in ponds (Huttunen et al., 2002a) and 0.07 ± 0.03 mg m-2 d-1 in 
reservoirs (Huttunen et al., 2002b). Therefore our data suggest that agricultural dams are 
emitting relatively large amounts of N2O compared to other temperate freshwater systems, 
especially when considering that our study is based from winter measurements, while the 
northern temperate literature is predominantly limited to the hotter summer months (boreal 





reservoirs, inclusive of sub-tropical / tropical regions and summer sampling, is 0.98 mg 
N2O m-2 d-1 (Deemer et al., 2016), roughly seven times higher than the rate of N2O 
emissions found in this study. The positive relationship between agricultural dam N2O 
emissions and water temperature, in combination with seasonal patterns found in N2O 
emissions from lakes and reservoirs, indicates that further incorporation of agricultural dam 
N2O emissions during hotter periods may be crucial to accurate yearly estimates of their 
CO2-e release. 
 
In conclusion, this study is the first to quantify small agricultural dam winter 
emissions of the three dominant GHGs, and shows that seasonal change is a major 
contributor to variation in their yearly CO2-e emissions. In addition, we show that diel 
cycles had no significant effect on GHG emissions and highlight a need for further 
quantification of this relationship during the hotter summer months. We also find that 
terrestrially-derived C3 plant material and algal material are equal sources of carbon to 
dissolved CO2,, and that low-oxygen methanogenic processes produce the vast majority of 
this CO2. Finally, we present the first estimates of N2O emissions from small agricultural 
dams in the southern hemisphere, and the second globally, and discuss it’s relatively minor 
influence on total CO2-e fluxes during the cooler winter period. Increasing evidence is 
showing that highly prevalent small agricultural water bodies may be hotspots for GHG 
emissions, and in order to incorporate these systems into global carbon budgets, 
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Conclusions and Outlook 
 
 
In this thesis I assessed the greenhouse gas emissions and carbon sequestration of aquatic 
vegetated ecosystems to better understand their potential use in climate change mitigation 
and carbon offsetting strategies. This assessment started with the first large scale 
quantification of carbon stored in Australian tidal marsh sediments, moved towards the first 
estimates of atmospheric greenhouse gas emissions from Australian seagrasses, and finally 
provided a world-first quantification of greenhouse gas emissions from small human-built 
freshwater dams with subsequent investigation of their environmental, seasonal, and diel 
drivers. The approach used in all chapters – compartmentalising and assessing either 
carbon burial or greenhouse gas emissions within a single ecosystem type – contributes to 
our understanding of ‘net carbon gain’ within aquatic ecosystems, and provides new 
insights into the natural and anthropogenic drivers of the aquatic carbon cycle. The long-
term overarching goal is to work towards a data-backed methodology for the inclusion of 
aquatic vegetated ecosystems into carbon offset framework. The full development of such 
methodology, inclusive of the past, current and future carbon state of aquatic vegetated 
ecosystems and encompassing both the natural and anthropogenic drivers, was too 
ambitious for this dissertation. Instead I have generated new information that fills critically 
important knowledge gaps, and have synthesised this information to provide an outlook 
into some of the scientific jigsaw pieces still required for the successful achievement of this 
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6.1   Chapter summary and reflection 
 
The first part of this thesis focused on carbon stocks and sequestration. Coastal vegetated 
ecosystems (i.e. blue carbon ecosystems) are able to sequester carbon-rich organic 
materials into their sediments for millennial time-scales (Mcleod et al., 2011; Pendleton et 
al., 2012; Macreadie et al., 2014b), and understanding the environmental drivers and 
monetary value of their carbon burial is fundamental for their inclusion into offset 
framework (Ullman et al., 2013; Thomas, 2014). Through an extensive collaborative effort 
between leading scientists in the field of blue carbon research, the Second  
Chapter of this thesis presents the largest previously unpublished tidal march carbon dataset 
and incorporates all existing tidal marsh carbon stock literature (293 sites), in order to 
address the question of Australia’s tidal marsh carbon value and provide information on 
the environmental and regional drivers of tidal marsh carbon uptake. Through the 
development of a predictive equation that incorporated the natural inverse relationship 
between carbon concentration and sediment depth unique to this Australian dataset we were 
able to estimate the carbon stored in the top 1 m of tidal marsh sediments from 30 cm deep 
samples. We then estimated the tidal marsh carbon stock value of each Australian State, 
and the nation as a whole, equating to $USD 15.5 billion with an annual carbon 
sequestration rate valued at $USD 27.6 million. To aid the creation of spatially targeted 
offset strategy, we ran correlations between carbon stocks, temperature and rainfall, under 
the hypotheses that rainfall would increase allochthonous carbon capture through run-off, 
and temperature would increase autochthonous primary productivity. Interestingly, and 
counter to our hypothesis, neither variable showed significant correlation with carbon 
stocks, indicating that the level of prioritisation for carbon offsetting in tidal marshes should 
not vary between southern or northern latitudes of Australia. A major finding of this work 




was that geomorphic setting was a key contributor to variation in carbon stocks, with 
fluvially influenced sites containing roughly double the carbon in the top 1 m than 
predominantly marine influenced sites. As Australia retains approximately 33% of the 
planets total tidal marsh habitat, and is currently in the processes of assessing the inclusion 
of tidal marshes into a national carbon offsetting framework – the Emission Reduction 
Fund (participation in Aus Gov working group on this topic, March 2018) – the data 
generated from this chapter represents a large original contribution to carbon offset policy 
in Australia, and will help to facilitate more efficient tidal marsh carbon management 
strategies.  
 
The second part of this thesis focused on natural greenhouse gas emissions. Coastal 
vegetated ecosystems represent some of the most productive carbon burial areas on the 
planet, with sequestration rates up to an order of magnitude higher than tropical rainforests 
(Duarte et al., 2005; Mcleod et al., 2011). Among these, seagrasses have been highlighted 
as a hot spot for carbon burial, with recent research demonstrating their potential for 
inclusion into carbon offsetting framework (Mateo et al., 2006; Waycott et al., 2009; 
Fourqurean et al., 2012; Macreadie et al., 2014b, 2015). However, quantification of 
seagrasses’ net carbon balance requires incorporation of their associated atmospheric 
greenhouse gas emissions, data of which is currently lacking. The Third  
Chapter of this thesis addresses this knowledge gap through an extensive spatial and 
temporal-scale sampling design of seagrass associated greenhouse gases in an Australian 
seagrass dominated marine embayment. This chapter presents the first data on Australian 
seagrass CO2 and CH4 gas flux at the air-water interface, and some of the first estimates of 
seagrass atmospheric N2O flux globally. We found that the balance of atmospheric CO2-
equivalent gases associated with seagrasses was of net uptake, further supporting their 
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inclusion into Australian carbon offsetting. We also demonstrated large variations in flux 
estimates based on either a spatial or temporal sampling design, that the CO2-e production 
of CH4 was mostly balanced by the CO2-e consumption of N2O, and further highlighted the 
key environmental drivers of seagrass greenhouse gas metabolism within the bay.  
 
Chapter Four of this thesis used human-built freshwater ecosystems to investigate 
anthropogenic greenhouse gas emissions. Freshwater ecosystems are a major contributor 
to terrestrial carbon cycling through photosynthetic production, the capture of carbon-rich 
run-off, and the facilitation of microbial respiration of greenhouse gases (Tranvik et al. 
2009). The construction of large freshwater reservoirs has directly affected the greenhouse 
gas emissions from terrestrial systems, with their global emissions equating to an estimated 
~7% of all anthropogenic emissions (St. Louis et al. 2000; Deemer et al. 2016). However, 
greenhouse gas emissions of highly abundant small agricultural dams (<0.01km2) have 
largely been overlooked and have been highlighted by the United Nations 
Intergovernmental Panel on Climate Change (UNIPCC) as a major knowledge gap in 
terrestrial carbon accounting (Task Force on National Greenhouse Gas Inventories, 2016). 
The Fourth Chapter of this thesis quantifies the atmospheric CO2 and CH4 emissions from 
77 small agricultural dams across South-east Australia, providing world-first data on their 
contribution to terrestrial carbon cycling. We find that small agricultural dams emit up to 
3.43 times more CO2 and CH4  per m2 than their larger reservoir counterparts, and that local 
agricultural land use significantly alters their atmospheric emissions. Importantly, for the 
development of future management policy, this work showed that emissions are highly 
linked to nitrate concentration in the water column, potentially providing a management 
pathway to reducing the contribution of agricultural dam emissions to atmospheric 
warming.  





The Fifth Chapter of this thesis seeks to expand our understanding of agricultural 
dam emissions by addressing three key knowledge gaps, seasonal variation, diel variation, 
and N2O emissions. Seasonal and diel variability heavily influences aquatic microbial 
activity through fluctuations in temperature, organic matter input, oxygen concentrations, 
and sediment redox potential (Schindler and Fee, 1973; Roulet et al., 1997; Michmerhuizen 
et al., 1996; Eugster et al., 2003; Bastviken et al., 2004). In addition, the deposition of 
nitrogen-enriched agricultural waste and crop fertilizer has been shown to increase the N2O 
emissions of agricultural lands (Isermann, 1994; Beauchamp, 1997), and Chapter Four 
presented evidence of high dissolved nitrogen loads in farm dam water columns (Ollivier 
et al., 2018), suggesting that the emissions of N2O from agricultural dams may be relatively 
large. Through a 24 hour sampling design of 12 small agricultural dams during the austral 
winter, this chapter demonstrated that while variations in agricultural dam emissions were 
not significantly different over day and night periods, overall emissions were ~ 92 % lower 
than estimates from summer alone. In addition, and counter to our hypothesis, we found 
that N2O emissions contributed only 3.2 % of total winter emissions. This study also 
analysed the stable carbon isotopes of dissolved carbon dioxide (δ13C-CO2) in conjunction 
with mass balance mixing models to determine the predominant carbon source to the 
systems. The data generated within this chapter will contribute towards the future 
prediction of nation-wide agricultural dam emissions by reducing the inherent variability 
involved in large-scale upscaling, while also providing new insights into the carbon cycle 
of these small freshwater systems. 
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6.2    Critical analysis and future work 
 
This dissertation provides a platform for a multitude of follow-up research opportunities in 
the area of carbon dynamics and beyond. The examples discussed below are not a complete  
outline, but instead represent some of the major research topics that have developed from 
the post critical analyses process.  
 
Establishing the causal links between fluvial inputs and carbon stocks 
 
In an effort to enable predictions of coastal carbon storage at the regional-scale, Chapter 
Two established that tidal marsh carbon stocks were roughly twice as concentrated in areas 
predominantly influenced by fluvial processes than areas influenced by marine processes, 
a finding that was in line with previous studies on smaller estuary-scales (Saintilan et al., 
2013; Kelleway et al., 2016a). An explanatory hypothesis for this finding is that the organic 
materials accumulated in rainwater run-off is being delivered through fluvial avenues to, 
and trapped by, estuarine marshes before reaching the ocean. However, this chapter 
analysed correlations between mean annual rainfall and carbon stocks values, finding no 
significant link. This combination of results gives rise to a range of interesting research 
questions, (1) As this chapter uses local weather station data that is inherently negating the 
specific hydrological conditions of each marsh habitat, can rainfall data at finer scales still 
predict tidal marsh carbon stocks along Australia’s coast? (2) If fine-scale rainfall data does 
not predict carbon stocks, is the fluvial influence more closely linked to other 
environmental parameters such as;  
• Upstream vegetation composition. The molecular complexity of biomass is a 
driving factor of its relative bioavailability (e.g. lignin rich materials are resistant to 




microbial degradation) (Ruiz-Dueñas and Martínez, 2009), therefore is it possible 
that the observed effect of fluvial input is instead indicatory of a more specific 
upstream vegetation effect?  
• Sediment type. The make-up of sediments / soils that are deposited to tidal marshes 
are likely to differ between marine and fluvial transport modes, for example 
changes in microbial communities or particle size (Kelleway et al., 2016a). Similar 
to vegetation, it may be that upstream or seaward sediment properties are affecting 
tidal marsh carbon stocks.  
 
Quantifying these links will help in the development of state or region specific tidal 
marsh carbon budgets, and therefore, more targeted environmental management for the 
purpose of climate change mitigation. 
 
Working towards a predictive equation for diel emission variations 
 
In Chapter Three we demonstrated that seagrass associated atmospheric emissions of CO2, 
CH4 and N2O are subject to large variation over diel cycles, and that the sampling technique 
(i.e. spatially or temporally explicit) had a large impact on mean atmospheric flux 
calculations. This study failed to establish a statistically robust predictive equation for this 
trend, as we only performed a temporal incubation at one point in the bay, and our spatial 
survey did not cover the entire area (Figure 3.1). As the logistical barrier to performing 
both spatial and temporal surveys of aquatic emissions is quite high, yet both of these 
parameters clearly contribute strongly to emission estimates, the establishment of region-
specific predictive equations would enable the constraint of variation associated with 
upscaling common day-time survey data and the more accurate inclusion of these emissions 
into carbon offsetting framework.   





Establish methodology for the reduction of nutrients in agricultural dams 
 
Chapter Four presents evidence that small agricultural water bodies are amongst the highest 
freshwater emitters of greenhouse gases in the world, and that these emissions are highly 
positively linked to nutrient concentrations in the water column. Since this chapter was 
published a series of new works have focused on agricultural dam emissions, and have 
presented results that are in accordance with our own (Grinham et al., 2018; De Kluyver, 
2018; Peacock et al., 2019). This combination of new available data, and the inclusion of 
these systems into the First Order Draft of the 2019 Refinement of the IPCC Guidelines for 
National Greenhouse Gas Inventories, has prompted the Australian government into 
examining opportunities for the application of these guidelines to national agricultural dam 
management strategies (De Kluyver, 2018).  
 
As part of a post-PhD government funded research placement focused on this topic, 
I have begun working on the development of agricultural dam revegetation methodology 
for the purpose of reducing nitrate concentrations and therefore greenhouse gas emissions. 
Previous work by Attermeyer et al. (2016) in a small tropical lake linked greater floating 
aquatic vegetation to a 57% reduction in CO2 and CH4 emissions at the water-air interface, 
while a plethora of literature demonstrates nutrient filtration of rain-water run-off due to 
the planting of artificial wetlands (Gersberg et al., 1986; Shutes, 2001; Vymazal, 2007). 
The application of current agricultural dam re-vegetation funding schemes, previously 
aimed at reducing degraded land run-off and nutrient concentrations through plantation of 
reeds and rushes (Turton, 2011), may be efficient monetary frameworks for vegetation 
based emission reductions. In addition, a current research collaboration lead by Dr Tim 
Tutt, and contributed to by Dr Peter Macreadie, is assessing the ability of floating 




vegetation beds (~1 m2, with submerged roots) to reduce nutrient concentrations of 
freshwater systems with the aim to reduce algal blooms, increase biodiversity, and now, 
potentially reduce atmospheric emissions. The research area of revegetation for emission 
reduction in agricultural dams is a large and complex compartment, with requirements for 
multiple pilot and case-studies, confirmation of causal effects, optimisation of vegetation 
dynamics (e.g. species and location), comparison with effluent reduction methodologies 
for relative efficiency, and importantly, the prediction of emission reductions with 
subsequent conversion to a monetary value for emission offsets.  
 
Further analyses of the temporal variations in agricultural dam emissions. 
 
Chapter Five investigates the effects of both seasonal and diel emission variation in 
agricultural dams, while also incorporating and quantifying previously overlooked N2O. 
This work finds that winter emissions are far smaller than summer, temporal changes have 
little effect on agricultural dam emissions, and N2O contributes less than 5% of overall 
emissions. However, this work fails to establish a ‘control’, and instead aims to add more 
data for the reduction in emission variance when upscaling over large areas, therefore, it is 
still unknown if the trends in N2O and temporal emissions can be extended to non-winter 
periods of the year. Previous work in small lakes has demonstrated that summer thermal 
stratification can lead to a greater diel influence on greenhouse gas production and 
emissions (Podgrajsek et al., 2014), and Chapter 5 shows that in accordance with previous 
literature (Dobbie and Smith, 2001; Saggar et al., 2004; Xia et al., 2013) N2O emissions 
were significantly positively related to water temperature. The results of this work clearly 
give rise to a series of research questions surrounding the importance of temperature change 
on agricultural dam emissions, and could be addressed through the establishment of a 




temporally detailed sampling regime that would likely have a major impact on yearly 
emission estimates. 
 
Quantify the contribution of ebullition to agricultural dam emissions 
 
An original aim of Chapter Five was to produce the first data set on ebullitive emissions 
from agricultural dams, with the understanding that ebullitive release of CH4 accounts for 
a major portion of total emissions in large freshwater lakes and reservoirs (Table 4.1)(Louis 
et al. 2000; Ostrovsky et al. 2008; DelSontro et al. 2011). To achieve this aim we installed 
40 long-term floating ebullition chambers (two per dam), with a collection time of three 
weeks (see methods summary and diagram in Appendix C, Figure C.1.). Unfortunately, an 
extreme weather event removed all ebullition chambers two days prior to collection. 
Quantifying this emission pathway is extremely important for accurate agricultural dams 
emission estimates, with suggested incorporation of seasonal changes, to account for  
temperature dependant variation in the rate of sedimentary CH4 bubble formation (Bartlett 
and Harriss, 1993; Megonigal et al., 2005; Duc et al., 2010).  
 
Incorporating aquatic vegetated ecosystems into carbon offsetting framework 
 
The long-term goal of incorporating aquatic ecosystems’ natural atmospheric emission 
reduction pathways into regional, national and global framework, is complex, and is subject 
to a range of scientific and political factors that extent beyond the core of this thesis. Yet, 
here we show that through the compartmentalisation and quantification of the issues 
surrounding aquatic ecosystem carbon dynamics, vital progress can be made towards 
achieving this objective. This thesis successfully revealed carbon dynamics that were 
previously unknown, highlighted the monetary worth of coastal vegetated ecosystems 




stimulating management attention, provided new greenhouse gas emission baselines that 
will aid in the prediction of aquatic ecosystem net carbon gains, and finally, identified 
previously unknown anthropogenic emissions from freshwater ecosystems. Just as this 
work has relied so completely on the scientific path laid down by previous research, it is 
my hope that the findings presented here will contribute to advances in the mitigation of 
climate change through the use of aquatic vegetated ecosystems, by providing just a few 










Supporting Information Chapter 2. 
 
 
Table A. 1: Summary appendix. Organic carbon percent (%OC) and dry bulk density (DBD) within New South Wales are expressed as mean 
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-31.549 152.850 8 1.21 ± 0.13 1.93 ± 0.64 41.24 ± 5.45 
 
75.35 ± 8.97 
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Tuross River Barrier estuary Marine 
Sarcocornia  
quinqueflora  - 
Juncus 
kraussii 
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-32.335 152.487 8 0.3 ± 0.03 17.8 ± 1.8 143.43 ± 5.57 422.42 ± 19.22 
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- Samphire - Saltflat -12.6482 130.9639 1 - - 46 69.77 
Queensland           
Adams Beach Sand island - Juncus kraussii -27.52054 153.41237 3 
0.14 ± 
0.01 19.87 ± 0.26 46.48 ± 16.27 
371.93 ± 
296.01 


























Halloran Reserve Tidal creek - embayment - 
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0.81 ± 0.15 
 
69.37 ± 21.4 
 
64.43 ± 28.6 
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0.42 ± 
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0.94 ± 







Table A. 2: Data used to calculate organic carbon accumulation rates. Values were derived 
from previously published work and included vertical accretion from marker horizons, 
sediment pins and lead 210 dating, and surface elevation change from surface elevation 
tables (SETs).  








Wales Kooragang Island 2.03 ± 0.38 192 ± 0.98 
Rogers et al. 
(2013) 
New South 
Wales Kooragang Island 0.98 - - 
Howe et al. 
(2009) 
New South 
Wales Cararma Inlet 1.27 ± 0.13 3.25 ± 0.71 





River 5.93 ± 1.21 0.26 ± 0.87 
Rogers et al. 
(2006) 
New South 
Wales Ukerebagh 0.5 ± 0.23 0.49 ± 0.68 
Rogers et al. 
(2006) 
New South 
Wales Berowra Creek 5.05 ± 0.72 - Rogers (2004) 
New South 
Wales Homebush Bay 2.2 ± 0.29 2.92 ± 1.59 





Creek 1.79 ± 0.56 - 
Rogers et al. 
(2006) 
New South 
Wales Currambene 0.33 ± 0.11 0.14 ± 1.48 
Rogers et al. 
(2006) 
New South 
Wales Port Stephens (M) 0.54 - (Pb 210) - Unpublished 
New South 








(F) 0.69 - (Pb 210) - Unpublished 
Queensland Amity North - -0.08 ± 0.61 Lovelock et al. (2013) 
Queensland Amity South - 0.18 ± 0.61 Lovelock et al. (2013) 
Queensland Adams Beach - 5.92 ± 0.35 Lovelock et al. (2013) 
Queensland Tinchi Tamba Reserve - 0.45 ± 0.32 
Lovelock et al. 
(2013) 
Queensland Nundah Creek - 1.22 ± 0.92 Lovelock et al. (2013) 
Queensland Halloran Reserve - 0.11 ± 0.09 Lovelock et al. (2013) 
Victoria French Island 4.07 ± 0.025 5.27 ± 0.96 Rogers et al. (2006) 






Koo Wee Rup 
 
2.03 ± 0.32 
1.63 ± 0.16-(Pb 
210) 
-0.16 ± 0.94 
- 
Rogers et al. 
(2006) 






2.35 ± 0.96 
1.4 ± 0.2-(Pb 
210) 
-0.68 ± 1.18 
- 
Rogers et al. 
(2006) 






1.59 ± 0.19 
2.5 ± 0.1-(Pb 
210) 
0.64 ± 0.75 
- 
Rogers et al. 
(2006) 
Rogers et al. 
(2005) 




























Table B. 1: Farm dam CO2 and CH4 emissions from Victorian farm dams, and Victorian 
reservoir surface areas. Emissions data for size classes <0.001 km2 were obtained from this 
study, while 0.001 - 0.01 km2 dam emission rates were calculated using Equation 3.2. and 
literature from Holgerson and Raymond (2016). 









< 0.001 122.45 6.65 5.39 230489 
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2.15 Barwon Water   
Rocklands 
Reservoir 
170.00 Barwon Water   
Upper Coliban 
Reservoir 
3.69 Barwon Water   
Waranga Dam 5.85 Barwon Water   
William Hovell 
Dam 
1.13 Barwon Water   
Allen Reservoir 0.05 Barwon Water   
Bostock Reservoir 0.88 Barwon Water   
Korweinguboora 
Reservoir 
0.56 Barwon Water   






1.36 Barwon Water   
West Barwon 
Reservoir 
1.31 Barwon Water   
West Gellibrand 
Reservoir 
0.20 Barwon Water   
Olangolah 
Reservoir 
0.04 Barwon Water   
Wurdee Boluc 
Reservoir 
5.10 Barwon Water   
Total 482.53    
 





Table B. 2: Model comparisons between linear mixed-effects structures. The variable with the least significant P-value was sequentially 
dropped, and the resulting model was tested using Akaike’s information criterion (AIC).  
Model AIC Drop 
Carbon Dioxide   
Lme1(SqrtCO2	×	Land	use	+	Salinity	+	
Temperature	+	OC	gcm3	+	SA	m2)	 - OC gcm3 (P=0.771) 
Lme2(SqrtCO2	×	Land	use	+	Salinity	+	
Temperature	+	SA	m2)	 Lme1 = 278.9, Lme2 = 277 SA m
2 (P=0.746) 
Lme3(SqrtCO2	×	Land	use	+	Salinity	+	
Temperature)	 Lme2 = 277, Lme3 = 275.1 Temperature (P=0.689) 
Lme4(SqrtCO2	×	Land	use	+	Salinity)	 Lme3 = 275.1, Lme4 = 273.1 Both (P < 0.05) 
Lme5(SqrtCO2	×	Land	use	+	Salinity	+	
Land	use	*	Salinity)	 Lme4 = 273.1, Lme5 = 274.6 Interaction (P > 0.1) 
Methane   
Lme1(logCH4	×	Land	use	+	Salinity	+	
Temperature	+	OC	gcm3	+	SA	m2) - OC gcm3 (P = 0.494) 
Lme2(logCH4	×	Land	use	+	Salinity	+	
Temperature	+	SA	m2) Lme1 = 259.3, Lme2 = 257.5 SA m
2 (P = 0.478) 
Lme3(logCH4	×	Land	use	+	Salinity	+	
Temperature) Lme2 = 257.5, Lme3 = 256.1 Salinity (P = 0.053) 
Lme4(logCH4	×	Land	use	+	
Temperature) Lme3 = 256.1, Lme4 = 258.9 Both (P < 0.05) 
Lme5(logCH4	×	Land	+	Salinity	+	
Temperature	+	Land	use*Temperature) Lme3 = 256.1, Lme5 = 256.82 Interaction (P = 0.283) 
Lme6(logCH4	×	Land	use	+	Salinity	










Figure C. 1: Methodology for the capture of agricultural dam ebullitive emissions. Ebullitive 
flux of greenhouse gases were to be measured through the collection of bubbles in a static 
floating unit, followed by the removal of trapped gas and analyses in a gas chromatographer. 
Two collection units were deployed in roughly the centre of 20 dams, maintaining a five metre 
distance between each. Collection jars were fully submerged and cleared of atmospheric gas 
prior to being secured to the floating units. To extract the collected gases, collection jars were 
sealed while submerged and taken out of the water for extraction with a 23G tip 20ml plastic 
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Overview of PhD Related Activities 
 
Awards and Achievements: 
 
Winner of the best student research paper at the Centre for Integrative Ecology Conference 
(Oct 2018); ‘Punching above their weight: Large release of greenhouse gases from small 
agricultural dams’. 
Participant in an Australian Federal Government workshop ‘Protecting and conserving 
coastal wetlands: Scoping inclusion of blue carbon methods in the emission reduction fund’ 
(Canberra, 2018). 
Participant in a CSIRO (Commonwealth Scientific and Industrial Research Organisation) 
headed workshop addressing the ‘opportunities for coastal blue carbon activities in 
Australia’  (July 2016), with recommendations to be included in the Emissions Reduction 
Fund. 
Winner of the best student presentation at the Centre for Integrative Ecology Conference 
(Oct 2016)  
 
Grants and Scholarships: 
 
Deakin Centre for Integrative Ecology, Life and Environmental Sciences – PhD Research 
Scholarship (~ $75 000, 2016-2018) 
Holsworth Wildlife Research Endowment, PhD research project costs (~ $15 000,  2016-
2018) 
Corangamite Catchment Management Authority, Industry Scholarship for applied research 










APPENDIX D. OVERVIEW OF PHD RELATED ACTIVIES 
  
 165 
Presentations and Outreach: 
 
Presentation on ‘the role of blue carbon in the management of Australia’s coastal 
ecosystems’ at the Corangamite Catchment Management Authority’s Coastal Research & 
Development Conference (Sept 2016). 
Presentation to Geelong Field Naturalists Club (Oct 2016) - ‘The future of blue carbon 
investment and research within the Corangamite region’. 
Radio Marinara Talk, Triple R (2nd April 2017) Discussing the implications of Scientific 
Reports research paper. [http://www.3cr.org.au/beyondzero/episode-
201704101700/beyond-zero-community]. 
Beyond Zero Emissions Podcast (10th April 2017) ‘Current and future blue carbon research 
in Australia and how policy change may help climate change mitigation.’ Lauder Institute 
Think Tank and Civil Societies Program global ranking of 52nd Best Independent Think 
Tank in 2017, and 6th for Think Tank to Watch 2016. 
[http://bze.org.au/sustainable_agriculture_and_blue_carbon_sequestration/]. 
Bellarine Bayside Committee, research forum (18th May 2017) - ‘Mitigating climate change 
through the use of coastal vegetated systems’. 
Bellarine Landcare (12th July 2017) – ‘The importance of blue carbon to the management 
of Australia's coastal ecosystems, and a preview of the research being conducted by Deakin 
University and the Blue Carbon Lab’.  
University Technion, Israel (28th Dec 2017) – ‘Blue carbon as a major component in coastal 
ecosystem evaluation and environmentally responsible planning’. 
Public outreach for the lead-author research paper titled ‘Punching above their weight: 
Large release of greenhouse gases from small agricultural dams’; 
• Stock and Land – Newspaper. 
• Australian Broadcasting Corporation (ABC) Rural – Newspaper. 
• Sunraysia Daily – Newspaper. 
• Geelong Advertiser – Newspaper. 
• Weekly Times Now – Newspaper. 
• Green Career News – Environmental jobs website. 
• Geelong Indy– Online News. 
• Press Reader – Online News. 
• Farm Table – Australian agricultural online network. 
• Australian Broadcasting Corporation (ABC) Country Hour – Radio interview. 
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